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ABSTRACT 

Phosphorus (P) is a fundamental element necessary for all life forms and a key component 

in the fertilizer industry. Meanwhile, the excessive load of P to water bodies due to human activities 

has the potential to promote eutrophication. Wastewater treatment plants remove P either 

biologically or chemically and produce P rich sludge which could be a potential renewable source 

for P.  At present, commercial technologies exist for P recovery from biological wastewater sludge. 

However, P recovery from chemical sludge particularly iron(III)-phosphate (Fe-P) sludge 

generated in chemical P removal plants that use iron(III) salts remains a challenge.  

This study explored, in lab bench scale, the influence of pH, competing anions (Cl
-
), and 

Fe redox chemistry using reducing agents like ascorbic acid (AA) on direct P and Fe(III) release 

and recovery from simulated Fe-P sludge. Initial tests were performed in the absence of organic 

matter interferences followed up by tests in more realistic matrices where the effect of organic 

matter (OM) (carbonaceous and nitrogenous constituents) on chemical phosphorus removal and 

recovery is investigated.  

Fe-P sludge was prepared to mimic the inorganic fraction of real Fe-P sludge using ferric 

additions to synthetic wastewater. The impacts of acidic/basic wet treatment (pH effect) and 

competing anions (Cl
-
) on P and soluble Fe release from Fe-P sludge were assessed. Factors 

influencing recovery, such as sludge age and Fe/P molar ratio were also investigated. Results 

revealed that alkaline treatment had minimal effectiveness in releasing iron (<3%), but 

significantly facilitated phosphorus release, especially at a controlled pH of 10, where the 

percentage of phosphorus release reached (90±2%). The chloride effect in releasing P from Fe-P 

sludge was negligible. At ages less than 5 days, sludge ageing did not influence P release from Fe-

P sludge. However, a noticeable decline in %P release (i.e., 50% reduction) was observed at ages 

of 9 and 11 days for pH values of 9-10. The reduction in P release by aging was best described by 

a zero-order kinetic model. Moreover, the internalization of surface bound P during aging was a 

proposed mechanism for the decrease in P release during ageing which was qualitatively supported 

by arsenic extraction and HFO surface area determination.  The utilization of the PHREEQC 

geochemical software did not consistently align with the measured phosphorus release from the 

Fe-P sludge. This discrepancy can be attributed to PHREEQC's assumption that all surface sites 

for phosphorus are exchangeable, which neglects the representation of phosp horus that may be 

trapped within HFO particles.   

The impact of reductive dissolution using AA under acidic conditions on P and Fe release 

from lab simulated Fe-P sludge was examined. To find the optimum conditions for Fe-P reductive 

solubilization and vivianite precipitation, factors like AA/Fe molar ratio, pH, and Fe-P sludge age 

were tested. Moreover, the reductive, chelating, and acidic effects of AA, were evaluated by 

comparing them with hydroxylamine (a reducing agent), oxalic acid (a chelating agent), and 

inorganic acids (to assess pH effects), including HNO3, HCl, and H2SO4. At pH values of 3 and 4, 

and with Fe/AA molar ratios of 1:2 and 1:4, complete solubilization of Fe-P sludge and reduction 
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of Fe(III) were observed. The sludge age, up to 11 days, did not affect the reductive solubilization 

of Fe-P when AA was added. Hydroxylamine treatment resulted in negligible reductive dissolution 

of Fe-P sludge, while oxalic acid treatment at an Fe/oxalic acid molar ratio of 1:2 and pH 3 

facilitated non-reductive dissolution, leading to solubilization of both phosphorus (95±2%) and 

Fe(III) (90±1%). Inorganic acids treatment at pH 3 resulted in very low P and Fe release (<10%) 

compared to AA and oxalic acid treatments. After complete solubilization of Fe-P sludge via AA 

treatment at pH 3, it became feasible to recover phosphorus and iron as vivianite by adjusting the 

pH to 7. Remarkably, this simple pH adjustment led to P and Fe recoveries of 88±2% and 90±1%, 

respectively. XRD analysis, Fe/P molar ratio measurements, and magnetic attraction confirmed the 

formation of vivianite. PHREEQC modeling exhibited reasonable agreement with the measured P 

and Fe release from Fe-P sludge and vivianite formation, highlighting its potential as a valuable 

tool for interpreting and predicting P and Fe release and recovery systems.  

The influence of OM on P removal performance was tested using different synthetic 

wastewater recipes containing model carbonaceous and nitrogenous constituents and combination 

of them. Carbonaceous constituents including meat extract (ME), potato starch, glycerol, and 

Luther Marsh concentrate (LM) represented proteins, carbohydrates, lipids, and natural organic 

matter respectively. Peptone, urea, and ammonium chloride represented nitrogenous constituents. 

Results showed insignificant effect of nitrogenous constituents, potato starch and glycerol on P 

removal performance. However, ME and LM possessed a remarkable reduction in P removal 

performance of (3.0±0.4%) and (23±1%) respectively. No change in P removal performance 

observed for carbonaceous constituents in the presence of nitrogen source except for LM which 

exhibited a substantial increase by (23%). The higher measurements for soluble Fe (SFe) residuals 

for ME (87±5%) and LM (51±1%) indicated occurrence of interactions between Fe(III) cations 

and the negatively charged functional groups like hydroxyl, carboxyl, and phenolic groups 

available in ME and LM. This suggested Fe solubilization as the mechanism responsible for 

reducing P removal. Wet alkaline (pH 10) and ascorbic acid treatments showed no influence of 

OM on P release from Fe-P sludge.  
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Chapter 1  

1 
 

Chapter 1 - Introduction 

1.1 Problem statement 

The demand for fertilizers has increased in the last 75 years as a result of increasing global 

food production accompanied by the green revolution (Childers et al., 2011; Kok et al., 2018). 

Phosphorus (P) is a fundamental key ingredient in the fertilizer industry. Phosphate rock mining 

has commonly been the main source of P. The approximate annual mining of P is 21±4 million 

metric tonnes per year (Mt P/year) where 18±4 Mt P/year are used for fertilizer production. 

(Cordell and White, 2014). However, many studies have predicted that due to excessive mining, 

easy to extract deposits of this non-renewable source are expected to be reduced in a few decades 

(Cordell et al., 2009; Cordell and White, 2014; Kok et al., 2018). As a result of this reduction, to 

meet P needs, it will become necessary to utilize poor quality, high impurity, hard rock phosphate 

deposits, which would escalate mining and processing costs.  Furthermore, phosphorus reserves 

are not evenly distributed globally. A small number of countries, such as China, the United States, 

and Morocco, possess a significant portion of the world's phosphorus resources. This concentration 

can lead to geopolitical tensions and competition for access to these resources.  Therefore, 

ecological, economical, and geopolitical factors prioritize searching for alternative sources of P 

(Peng et al., 2018b). 

Municipal wastewater treatment plants (WWTPs) are significantly a large anthropogenic 

pool for P where 1.3 Mt P/year is removed globally from wastewater streams (Vuuren et al., 2010; 

Wilfert et al., 2015). Therefore, upon P recovery WWTPs could provide 15-20% of the world’s P 

demand (Peng et al., 2018a). In fact, trends toward P recovery from sewage sludge generated in 

WWTPs through water resource recovery facilities (WRRFs) has gained considerable attention. 
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At present the greatest fraction of P recovered from WWTPs is limited to enhanced biological 

phosphorus removal (EBPR) plants where struvite (MgNH4PO4.6H2O) crystallization is utilized 

(Wilfret et al., 2015). Although P recovery from EBPR plants is practiced around the world in full 

scale applications (i.e., in North America there are six WRRFs operating struvite crystallization) 

(Latimer et al., 2015), EBPR plants might not be the optimal place for P recovery because of 

complex operating conditions, soluble P concentration needs to be >100 mg P/L, higher costs 

compared to low-value product, and unsatisfactory recovery efficacy (10-50%) (Hao et al., 2013; 

Egle et al., 2015; Xie et al., 2016; Lin et al., 2017a).  

On the contrary, chemical P removal (CPR) plants are more widespread than EBPR plants 

in North America and Europe, as only CPR can achieve lowest limits of P removal often required 

for sensitive receiving waters (Szabó et al., 2008). CPR plants generate iron-phosphate (Fe-P) rich 

sludge due to the interaction of the iron(III) cations with phosphate ions in wastewater (Peng et 

al., 2018b). The different forms of Fe-P minerals produced include strengite (FePO4.2H2O), iron-

hydroxyphosphate (FenPO4(OH)3n-3), and vivianite (Fe3(PO4)2.8H2O). Phosphate can also bind to 

the surfaces of hydrous ferric oxide (HFO) formed during wastewater treatment (Smith et al., 

2008).  The iron phosphorus solids are retained, and concentrated in the sludge and make CPR 

plants a potential source for P recovery. Moreover, direct release of P from Fe-P sludge can 

potentially provide soluble P in concentrations greater than 100 mg P/L required for efficient 

struvite crystallization. For example, Monea et al, (2020) reported direct solubilization of 600 mg 

P/L from tertiary Fe-P sludge by wet acidic treatment (pH<1.5). In addition, P could be recovered 

from CPR sludge directly as solid vivianite (Wilfert et al., 2016; Wu et al., 2019; Port et al., 2022).  

While several approaches have been used to effectively extract P from Fe-P sludge, P 

recovery from CPR plants is still challenging and needs more investigations in terms of the 
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performance of direct P release from the inorganic fraction of Fe-P sludge, and the different 

physiochemical factors affecting it, particularly in the absence of interferences found in real 

wastewater media such as bacteria and organic matter. Moreover, it is important to explore the 

effect of organic matter on the performance of chemical P removal which could significantly affect 

the amount of Fe-P sludge generated. Obtaining such knowledge will facilitate developing 

effective technologies for P release and recovery from CPR plants.  

1.2 Objectives & research questions 

Currently, adoption of P recovery technologies for CPR plants is increasing gradually.  For 

example, in 2016, 26% of the total generated Fe-P rich biosolids from four CPR plants in Toronto 

city (Canada) were recycled for land application, 49% were  made into fertilizer pellets, and 25% 

were stabilized by alkaline treatment to treat acidic soils (City of Toronto, 2023). As mentioned 

earlier, it is important to study and understand the behaviour of direct P release and recovery from 

the inorganic fraction of Fe-P sludge in the absence of wastewater interferences, and the effect of 

organic matter on chemical P removal and recovery. Different physiochemical factors play a vital 

role in P release and recovery form Fe-P sludge such as solution pH, Fe/P molar ratio, competing 

anions, sludge age, and iron redox chemistry. Therefore, a systematic investigation for these 

factors is required.  

The primary objectives of this PhD dissertation are: (i) to investigate the effectiveness and 

describe the mechanism of direct P release from simulated Fe-P sludge that mimic the inorganic 

composition of real Fe-P sludge in CPR plants after acid/alkali and NaCl treatment under the 

influence of Fe/P molar ratio and sludge aging time; (ii) to explore the role of iron redox chemistry 

on P release and recovery from Fe-P sludge by chemically mediated reduction of Fe(III) to Fe(II) 
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using different chemical reducing agents and the potential for P recovery as vivianite ; (iii) to 

evaluate the influence of organic matter (carbonaceous and nitrogenous constituents) on the 

efficiency of P removal by iron(III) salts and on P recovery from inorganic Fe -P sludge using 

model compounds and different simulated wastewater recipes.  

In order to accomplish these objectives, the following research questions were set: 

1- What are the effects of acid/alkali wet treatment, chloride anion, and Fe/P molar ratio on the 

performance of direct P release from the inorganic fraction of Fe-P sludge? (Chapter 3) 

2- Dose Fe-P sludge age affect P release? If yes, what mechanism explains this effect? (Chapter 

3) 

3- Can P be recovered from Fe-P sludge as vivianite using chemical reducing agents? (Chapter 4) 

4- In wastewater, how does organic matter affect chemical P removal and recovery? (Chapter 5) 

In this doctoral research, the above questions have been covered and described one by one, in 

laboratory bench testing scale under different experimental conditions.  

1.3 Significance 

Using simulated wastewater of increasing complexity, these studies provide insight into 

the chemistry of P release from inorganic Fe-P sludge generated in CPR plants, both in the absence 

of interferences from organic wastewater components (Chapters 3 and 4 ) as well as with Fe-P 

sludge generated in the presence of organic matter of variable composition (Chapter 5). By starting 

from simple inorganic solids, the experiments provide knowledge about the influence of different 

physiochemical factors (i.e., pH, Fe:P molar ratio, chloride ion, sludge age, and redox potential) 

on direct P release from Fe-P sludge and the more complex matrices demonstrate the effect of 
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different organic matter constituents on chemical P removal and recovery in more realistic 

simulated wastewater. Taken as a whole, these experiments help demonstrate what might be 

practically implemented to achieve P release and recovery from CPR plants. Moreover, the 

investigations made in these studies toward using chemical reducing agents to release and recover 

P will help to set the basis for a new promising route for P recovery as vivianite from raw and 

activated Fe-P sludge in CPR plants. Overall, the results of this detailed study will help determine 

the theoretical and practical potential for P release and recovery from wastewater ferric sludge.  

1.4 Thesis structure 

This thesis includes six different chapters and three appendices. Chapter 1 establishes the 

research problem and objectives. Chapter 2 contains background information related to Fe and P 

chemistry in wastewater and research related to removal and recovery.  Chapter 3 to Chapter 5 

present three different experimental projects that are written in manuscript format. Finally, Chapter 

6 summarizes the overall conclusions and discusses recommendations for future directions 

followed by appendices. The content for each chapter of my thesis is stated as follows: Chapter 1 

introduce the problem statement, research questions and objectives, significance, and thesis 

structure. Chapter 2 describes general background information. It talks about phosphorus in 

environment, chemical P removal in CPR plants and Fe-P sludge generation, organic matter in 

wastewater and its interactions with iron (III), factors influencing P release and recovery, P 

recovery products, and finally, geochemical modeling approach. Chapter 3 contains paper “Insight 

into direct phosphorus release from simulated wastewater ferric sludge: Influence of 

physiochemical factors”. This paper describes the effects of sludge age, NaCl, and Fe/P molar ratio 

on pH-induced phosphorus release from simulated Fe-P sludge that had Fe/P molar ratios which 

mimic the inorganic composition of actual Fe-P sludge in CPR plants. Chapter 4 includes the paper 
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“Phosphorus release and recovery by reductive dissolution of chemically precipitated phosphorus 

from simulated wastewater”. This paper illustrates the use of chemical reducing agents like 

ascorbic acid to induce iron(III) reduction to iron(II) for the purpose of releasing P from Fe -P 

sludge and recover it as vivianite by solution pH adjustment. It also, compares the performance  of 

ascorbic acid with other reducing agents (hydroxylamine) and complexing agents (oxalic acid) for 

P release and recovery. Chapter 5 represents paper “Impact of organic matter on chemical 

phosphorus removal and recovery from a synthetic wastewater matrix”. This paper investigates 

the effect of different carbonaceous and nitrogenous constituents on P removal efficiency by 

iron(III) salts and P release from Fe-P sludge by alkaline (pH 10) and ascorbic acid treatment in 

synthetic wastewater. The last chapter in this thesis is Chapter 6 which compiles the various 

conclusions and recommendations for future directions. Appendices 1, 2, and 3 contain the 

supplementary material for chapters 3, 4, and 5 respectively while appendix 4 contains some 

aspects of Chapter 3 that attained after it was published and include extra discussion for PHREEQC 

modeling, effect of NaCl, and effect of aging.  
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Chapter 2 - Background Information 

2.1 Phosphorus 

Phosphorus (P) is a non-metallic element located in group 5 and period 3 in the periodic 

table with atomic number 15. It is the 11 th most available element in the Earth’s crust and has three 

main allotropic forms including red, white, and black phosphorus (Smil, 2000; Prasad and Majeti, 

2016). In living organisms, P is a main building block of DNA and RNA; the nucleic acids that 

store and replicate all genetic codes and information. Also, the cycling of P based bond (phosphate 

bond) between adenosine diphosphate (ADP) and adenosine triphosphate (ATP) generates energy; 

necessary for complex molecules production in living systems (Westheimer, 1987; Smil, 2000). 

In addition, P is unsubstituted and essential key nutrient for crops production, which makes it a 

basic ingredient in fertilizer industry along with potassium and nitrogen (Prasad and Majeti, 2016). 

Therefore, P is crucial element for all life forms.  

Owing to its high reactivity and instability, P is commonly found in nature in the form of 

phosphate containing minerals such as apatite (Ca5(PO4)3(F,Cl,OH)) and other P-bearing minerals 

where P atom exhibits oxidation state of +5 (Smil, 2000; Prasad and Majeti, 2016). However, other 

reduced forms of P including phosphite (H2PO3
-
), hypophosphite (H2PO2

-
), and phosphine (PH3) 

with P oxidation states of +3, +1, and -3 respectively are known to occur in nature (Pasek et al., 

2014) (Figure 2.1).  
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Figure 2.1 Phosphorus compounds with different oxidation numbers; phosphate (+5),  
phosphite (+3), hypophosphite (+1), and phosphine (-3). 

 

Looking at natural P cycle (Figure 2.2) (Cordell et al., 2011) the initial source and largest 

pool of P on the Earth are lithospheric phosphate rocks where about 85% are contained in 

sedimentary rocks, and 15% in igneous rocks (Johanston, 2000). Phosphorus transfers to 

hydrosphere (oceans & freshwater) in soluble and particulate forms via weathering, soil erosion, 

runoff, and mineralization (Yuan et. al., 2018; Smil, 2000). At natural conditions, P loadings to 

freshwater and ocean (through riverine runoff) were estimated to be 6.5 ± 1.5 Mt P/year and 4.5 ± 

1.5 Mt P/year respectively (Yuan et al., 2018; Beusen et al. 2016, Smil, 2000). When P enters the 

biosphere, it transfers between ecosystems and biota via organic cycles that take place on land and 

water, and moves within the living organisms through food chains (Yuan et al., 2018; Smil, 2000). 

However, most of P is only one way flow starting from lithosphere and ending as neritic sediments  

that lost to deep sea sediments. In fact, P takes very long timescales (millions to billions of years) 

to be exposed to lithosphere surface again via geological uplift and tectonic processes.  
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Figure 2.2 Phosphorus cycle in nature. 

 

Phosphorus exists in nature at levels that maintain the balance between its availability and 

consumption demand by living organisms in ecosystems (Johanston, 2000; Smil, 2000). 

Eutrophication is the term used to describe the environmental problem occurring when these 

natural conditions are out of balance due to anthropogenic increase of P levels in freshwater 

(Ansari and Gill, 2014a). As a limiting nutrient, ≥10 𝜇g P/L is the threshold concentration of 

dissolved P where eutrophication can potentially occurs (Ansari and Gill, 2014 a; Smil, 2000). 

Phosphate rock mining has traditionally been the main source of P where the approximate 

annual mining of P is 21±4 Mt P/year; 18±3.5 Mt P/year are used for fertilizer production and 

6.3±3.2 Mt P/year of P used for fertilizer production enters the environment (Cordell and White, 

2014). This non-renewable source is expected to be depleted in a few decades due to excessive 

mining that is estimated to reach its peak by 2035 (Cordell et al., 2009; Cordell and White, 2014; 

Kok et al., 2018). As a result of this depletion, in the future only a poor quality phosphate rocks 

will be available, which will lead to higher mining and processing costs.  Moreover, phosphate rock 
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mining has the potential to release greenhouse gases through various processes and activities 

associated with its extraction and processing such as energy consumption, chemical processing, 

and transportation. In addition, natural P resources are limited to a number of counties (China, US, 

and Morocco) which control global P availability. So, it is clear that ecological, economical, and 

geopolitical factors demand looking for alternative sources of P (Peng et al., 2018b).  

Municipal wastewater effluents are sustainable anthropogenic source for P that could cover 

around 15-20% of the global P demand. Approximately 1.3 Mt P/year is treated globally from 

municipal WWTPs (Vuuren et al., 2010; Wilfert et al., 2015; Peng et al., 2018a). Some example 

sources that contribute to P loads in wastewaters include human wastes (30-50% P), detergents, 

and household cleaning products (50-70% P), and residual P after crop production (Ruzhitskaya 

and Gogina, 2017; Prasad and Majeti, 2016; Zhou et al., 2018).  

In WWTPs P is treated and removed from wastewater effluents before discharging them to 

surface water to prevent eutrophication and control mobilization of P to the environment  (Carey 

and Migliaccio, 2009). Due to the high demand for fertilizers as a result of increasing global food 

production, trends toward integrating P removal and recovery in municipal WWTPs have gained 

remarkable attention (Cooper et al., 2011; Kok et al., 2018). Simply, direct application of P rich 

sewage sludge to agricultural lands has been utilized globally. However, heavy metals 

contamination, microplastics, pathogens, and transport costs are some of the key drawbacks and 

challenges associated with using P rich sewage sludge as fertilizer. Therefore, it is important to 

extract and recycle P from sewage sludge to more value-added products to ensure its safe use as 

fertilizer. Typically, in modern WWTPs P is recycled through WRRFs (Peng et al., 2018a ; Mayer 

et al., 2016). Such facilities are designed to directly contribute to a circular economy by producing 

clean water, recovering nutrients (i.e., carbon, nitrogen, and phosphorus) to value-added products, 
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treating biosolids, and generating renewable energy (Vu et al., 2023). The advanced WWTP Blue 

Plains (Washington, D.C., US), serves as a prime example of WRRFs. It is globally recognized as 

one of the largest facilities of its kind, employing advanced techniques for nutrients recovery, 

energy production via anaerobic digestion, and effective management of biosolids.  

2.2 Chemical phosphorus removal (CPR) in WWTPs 

In municipal wastewater the typical concentration of total P (TP) ranges between 6 and 12 

mg/L (Di Capua et al., 2022). Phosphorus in the form of orthophosphates (Portho, see Figure 2.3) is 

removed during the treatment of wastewater via chemical precipitation by addition of coagulant  

salts (chlorides or sulphates) of iron(II), iron(III), aluminum and calcium  (Thistleton et al., 2001; 

Ruzhitskaya and Gogina 2017). Such metal ions can form (through different mechanisms) stable 

insoluble solids with Portho that can be settled out and removed physically by sedimentation, 

filtration, centrifugation, and membrane separation (WEF, 2011).  

 

Figure 2.3 Chemical structures of protonated and deprotonated orthophosphates derived from 
dissociation of triprotic phosphoric acid H3PO4 (pKa1 = 2.15, pKa2 = 7.20, pKa3 = 12.33). Phosphate 

anion (PO4
3-

) is the product of full dissociation of H3PO4.  

  

In terms of implementation, there is flexibility in the CPR process which allows for the 

addition of coagulants at different points in the treatment train, including upstream, within and 

downstream of aerobic biological treatment. For example, coagulants could be added to the 

primary effluent, to the aeration tank, before the final clarifier during secondary treatment, or 
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during tertiary treatment (Figure 2.4) ( Magrí et al., 2020; Mores et al., 1998). In CPR plants that 

use iron salts, P is precipitated as iron(III) phosphate (Fe-P) sludge. For many CPR plants, iron 

salts are preferred because they are efficient and cheap (Mores et al., 1998).  

The performance of Portho precipitation is governed by different factors including 

wastewater characteristics such as pH, total organic carbon (TOC), TP concentration, and 

alkalinity. Other factors influencing performance include type, amount, point and mode of 

application of the metal salt, mixing intensity, and concentration of total suspended solids (TSS) 

(Mores et al., 1998; Thistleton et al., 2001; Szabo´ et al., 2008; WEF, 2011).  Based on the 

engineering design of the plant, which determines the requirements of the metal salt used, a 

residual TP ranged between 10 to 50 μg P/L can be achieved. (Kroiss et al., 2011; WEF, 2011). 

 

Figure 2.4 A schematic diagram for typical CPR process. Yellow arrows show possible points of 
chemical addition depending on CPR design. (a) After preliminary treatment, (b) Aeration tank, 
(c) Before the secondary clarifier during secondary treatment, (d) Before tertiary treatment, and 
(e) Before raw sludge processing. 

 

 



Chapter 2  

15 
 

2.3 Formation of Fe-P sludge in CPR process 

In aqueous systems Fe(III) ion undergoes hydrolysis where the Fe atom coordinates with 

6 water molecules and forms an octahedral hexacoordinated aquo complex [Fe(H2O)6]3+ known as 

the hydrated iron(III) cation (Flynn, 1984). Different soluble and insoluble hydrolysis products of 

iron(III) may be generated where their formation, stability, and solubility depend on solution pH, 

oxidation-reduction potential (ORP), and total Fe concentration (Cornell et al., 1989; Wilfert et 

al., 2015). For example, as solution pH increase, hydrolysis to soluble [Fe(H2O)6]3+ takes place 

where hydroxyl ions replace water molecules and form mononuclear ([Fe(H 2O)5(OH)]2+, 

[Fe(H2O)4(OH)2]+, [Fe(H2O)3(OH)3] and [Fe(H2O)3(OH)4]-) hydroxyl complexes. However, at 

total iron increase hydroxyl and/or oxo bridging may occur and form binuclear 

([Fe2(H2O)8(OH)4]2+) that continue to associate and precipitate as solid  polynuclear hydroxyl 

complexes  (Cornell et al., 1989; Flynn, 1984). Moreover, when iron(III) hydrates come in to 

contact with dissolved oxygen in water they form insoluble iron (III) oxides,  iron (III) 

oxyhydroxides, and iron (III) hydroxide (Table 2.1) (Flynn, 1984; Cornell and Schwertmann, 

2003; Wilfert et al., 2015).  

Iron oxides can be characterized in terms of surface area, active sites, porosity, reducibility, 

and solubility according to their structure as either crystalline or amorphous. Typically, amorphous 

iron oxides have higher adsorption intensity because of their higher surface area (Cornell and 

Schwertmann, 2003; Wilfert et al., 2015). 
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Table 2.1 Examples of iron oxide compounds (Cornell and Schwertmann, 2003).  

Iron(III) oxides Iron(III) oxyhydroxides Iron(III) hydroxides 

 

hematite         α-Fe2O3 

maghemite      γ-Fe2O3 

 

 

goethite                    α-FeOOH 

akaganeite                β-FeOOH 

lepidocrocite            γ-FeOOH 

2-line ferrihydrite    (Fe5HO8·4H2O)a 

6-line ferrihydrite    (5Fe2O3.9H2O)b 

 

ferric hydroxide 

Fe(OH)3 

a This is one proposed chemical formula for 2-line ferrihydrite known as hydrous ferric oxide 

(HFO) (Jambor & Dutrizac,1998).  
b This is one proposed chemical formula for 6-line ferrihydrite (Jansen et al., 2002). 

 

Phosphorus exists in municipal wastewater in organic and inorganic forms. Organic P 

commonly originated from natural sources (i.e., plant components, animal manure, and microbial 

cellular materials) and anthropogenic sources (i.e., pesticides and herbicides) (Petzoldt et al., 2020) 

and commonly comprise 15% of TP (Parsons and Smith, 2008). It consists of a diverse range of 

compounds, such as ATP, phosphonate, phosphoproteins, phospholipids, phosphoamides, sugar 

phosphates, amino phosphoric acids, and other condensed organic phosphorus species. (Lu et al., 

2014; Venkiteshwaran et al., 2018). In the other hand, orthophosphates and condensed phosphates 

represent the inorganic form of P and comprise 50% and 35% of TP respectively (Parsons and 

Smith, 2008). Based on reactivity under acidic conditions and at high temperatures, organic P and 

condensed phosphates are classified as non-reactive P (nRP), while orthophosphates considered 

the reactive P (RP) which can be removed from wastewater by chemical precipitation (Standard 

methods, 2012; Venkiteshwaran et al., 2018).    

In WWTPs during CPR process Fe interacts with Portho through different routes including 

precipitation, co-precipitation, and adsorption (Wilfert et al., 2015). During precipitation, 

dissolved Fe cations react simultaneously with phosphate anions and form Fe-P minerals that vary 
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depending on ambient conditions. For example, strengite [Fe(PO4).2H2O], and vivianite 

[Fe3(PO4)2.8H2O] are different Fe-P minerals forming in oxic and anoxic environments, 

respectively (Equations 2-1 and 2-2) (Nriagu, 1984; Cornell and Schwertmann, 2003). The 

formation and solubility of Fe-P minerals are governed by the pH and oxidation-reduction 

conditions. For instance, solid ferric phosphate (FePO4 (s)) precipitates typically around pH 3.5 

with no evidence of occurrence at pH higher that 5 (Smith et al., 2008).  

Fe(aq)
3+

+ PO4 (aq)
3-

+ 2H2O → Fe(PO4).2H2O(s)             strengite                                                    (2-1) 

3Fe(aq)
2+

+ 2PO4 (aq)
3-

+ 8H2O → Fe3(PO4)
2
.8H2O(s)      vivianite                                                   (2-2) 

The co-precipitation route takes place when Portho is incorporated (trapped) into the 

structure of Fe(III) hydrolysis precipitates (see Table 2.1) to form iron hydroxyphosphate solids 

with general formula FexPO4(OH)3x-3 (Ping et al., 2022). However, in the pH range between 6 to 

8 typical to CPR process, hydrous ferric oxide (HFO) is considered to be the dominant form of 

iron oxyhydroxides in wastewater after direct hydrolysis of Fe(III) in the presence of sufficient 

alkalinity (WEF, 2011). The active sites on HFO surface allow Portho  to be adsorbed onto HFOs’ 

surface and a surface complexation reaction occurs  where Portho binds directly to the surface of 

HFO via ligand exchange mechanism in which Fe atom acts as Lewis acid and exchanges the 

hydroxyl group present on the surface of HFO with oxygen atom from the Portho anion as illustrated 

in Equation (2-3) and Figure (2.5) (Nriagu, 1984; Cornell and Schwertmann, 2003; Smith et al., 

2008; Wilfert et al., 2015). 

≡FeOOH(s) + HOPO3(aq) → ≡FeOOPO3 + H2O                                                                       (2-3) 
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A variety of surface complexation reactions could take place ending with different inner-

sphere complexes. For example, single Portho molecule could binds one Fe atom through one 

oxygen bond (mononuclear monodentate, see Figure 2.5), two oxygen bonds (mononuclear 

bidentate), or it could binds two Fe atoms through two oxygen bonds (binuclear bidentate). The 

strength of binding between Portho molecule and HFO surface is determined by the number of 

oxygen atoms bonded to Fe atoms (Abdala et al., 2015; Wilfert et al., 2015).        

 

Figure 2.5 Adsorption of phosphate ion on iron oxide surface via ligand exchange mechanism 

and formation of mononuclear monodentate complex where one phosphate molecule binds on e 
Fe atom via one oxygen bond. 

 

Although the above mentioned routes may coexist in CPR process, many researchers 

described the mechanism of Portho removal by HFOs with fast co-precipitation reactions followed 

by slow complexation/adsorption reactions into HFOs’ surfaces (Smith et al., 2008; Szabó et al., 

2008; Carliell-Marquet et al., 2010; Li et al., 2018; Ping et al., 2022). Therefore, co-precipitation 

and adsorption pathways are typically the routes responsible for the formation of Fe -P solids 

during P removal process at circumneutral pH. Figure 2.6 illustrates how P in Fe-P solids is 

included (trapped) inside the amorphous structure of HFO and adsorbed onto its surface through 

surface complexation reactions (Smith et al., 2008; Hauduc et al., 2015).   
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Figure 2.6 An illustrative drawing for amorphous Fe-P solid particle. The red outline indicates an 
HFO particle and the green dots represent surface bound and trapped phosphate molecules.  

 

2.4 Organic matter in wastewater 

Organic matter (OM) is the term applied to carbon-based compounds that are derived from 

living organisms or their metabolic processes. In municipal wastewater, OM composition is 

diverse and varies depending on origin. A variety of sources contribute to OM loading in 

wastewater include human wastes, food wastes, decomposition of animal and plant residues, and 

industrial discharges (Ghunmi et al. 2008; Metcalf and Eddy, 2014). However, depending on its 

origin and physical and chemical characteristics, OM in wastewater can be allocated into different 

categories. For example, human and food wastes contain proteins, carbohydrates, and lipids 

(Heukelekian and Balmat, 1959; Raunkjaer et al., 1994; Huang et al., 2004). Humic and fulvic 

substances are originated from soil and decay products of dead animals and plants 

(Stevenson,1994), while organic pollutants are more concentrated in industrial effluents 

(Heukelekian and Balmat, 1959; Sophonsiri and Morgenroth, 2004 ). 

Based on particle size OM is generally classified into two main groups including dissolved 

(soluble), and particulate (insoluble) organic matter (Danielsson, 1982; Mara & Horan, 2003; 

Mopper et al., 2007; Metcalf and Eddy, 2014). Dissolved organic matter (DOC) represent organic 
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compounds that are soluble in water and pass through 0.45 micrometer pore size filter membrane 

(Sophonsiri & Morgenroth, 2004). Particulate organic matter (POC) ranges in size from 1 μm to 

well over 100 μm and can be separated by sedimentation, centrifugation, and filtration  

(Heukelekian and Balmat, 1959, Levine et al., 1985; Leenheer and Crouè, 2003; Metcalf & Eddy, 

2014). Figure 2.7 illustrates the size distribution for different types of organic matter found in 

sewage effluents. 

     

Figure 2.7 Size ranges distribution for typical organic compounds in biologically treated sewage 

effluents. (Adopted from Levine et al., 1985; Leenheer and Crouè, 2003). 

 

Commonly, the DOM content in wastewater can be approximated by chemical and 

biochemical parameters, such as chemical oxygen demand (COD) which is a measure of the 

amount of oxygen required to chemically oxidize all substances in wastewater, including OM, and 

biochemical oxygen demand (BOD) which represents the amount of oxygen required by 

microorganisms to break down bioavailable OM in the wastewater over a specified period of time 

(Metcalf & Eddy, 2014). Moreover, dissolved organic carbon (DOC) and total organic carbon 

(TOC) are additional parameters used for estimating DOM in wastewater (Liu et al., 2019). 

However, these parameters can only quantify the total content of DOM as organic carbon 
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concentration (e.g., mg C/L) and are not able to identify the chemical composition and the 

concentration of different DOM constituents (Mesquita et al., 2017; Shi et al., 2021).  

Typically, the complexity of DOM content in municipal wastewater is the highest among 

industrial, commercial, agricultural and surface waters. Studies aimed to characterize the 

molecular chemical composition of DOM in municipal wastewater indicated that the major organic 

macromolecules are proteins, carbohydrates, lipids, nucleic acids, and natural organic matter 

(NOM) (Levine et al., 1985; Raunkjaer et al., 1994; Huang et al., 2004). For instance, Narkis et al, 

(1980) analysed the DOC in a CPR plant and found that proteins and carbohydrates form 30% and 

10% respectively of the total COD in the influent after primary sedimentation. Raunkjaer et al, 

(1994) pointed out that the organic composition of domestic wastewater samples after primary 

sedimentation includes 28% proteins, 18% carbohydrates and 31% lipids.  Sophonsiri and 

Morgenroth, (2004) reported the major three organic constituents of the total COD in primary 

effluent of municipal wastewater to be 12% proteins, 6% carbohydrates, and 82% lipids. 

Furthermore, a study carried out by Huang et al, 2010, where chemical hydrolysis and 

chromatographic analysis were employed to identify the chemical composition of OMs in raw 

domestic wastewater influent (before screening or sedimentation), revealed that fibers, proteins, 

and carbohydrates accounted for 20%, 12% and 10% of  TOC in the influent, respectively. 

Proteins are complex organic molecules that play various essential roles in living 

organisms. They are made up of long chains of amino acids linked together by peptide bonds and 

are considered the primary constituents of animal organisms and microbial products 

(Tchobanoglous and Burton, 1991; Le et al., 2016). The main elemental composition of proteins 

includes carbon, hydrogen, and oxygen, as well as a high and constant content of nitrogen (~ 16%) 

(Shon et al., 2006).  
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The chemical structure of proteins is complex, unstable, and susceptible to various forms 

of decomposition (i.e., generation of foul odors). In wastewater proteins (<60% of organic matter) 

exists in soluble and particulate forms and considered along with urea the main sources of organic 

nitrogen (Bolto et al., 2004; Le et al., 2016). Moreover, proteins and their constituent amino acids 

can serve as potential carbon and nitrogen sources for heterotrophic bacteria  responsible for 

breaking down organic matter in wastewater. However, membrane fouling in aerobic and 

anaerobic membrane reactors and disinfection by products are the main problems associated with 

proteins in wastewater (Bolto et al., 2004; Shon et al., 2005b; Le et al., 2016).  

Carbohydrates are organic compounds containing carbon, hydrogen, and oxygen in a ratio 

of approximately 1:2:1 with general chemical formula of (CH2O)n and characterized by polyhydric 

alcohol groups (Dignac et al., 2000; Shon et al., 2006, Huang et al., 2010). Carbohydrates are 

classified into different types based on their size and structure including monosaccharides, the 

simplest carbohydrates (i.e., glucose, fructose, and galactose), disaccharides which formed by the 

combination of two monosaccharides (i.e., sucrose, lactose, and maltose), and polysaccharides 

composed of long chains of monosaccharides (i.e., starch, cellulose, and glycogen) (Shon et al., 

2006).  

Different types of carbohydrates present in wastewater such as sugars, starches, cellulose, 

and wood fiber. Their solubility in water varies, for instance, sugars are soluble while starches are 

insoluble (Shon et al., 2006). In wastewater, breakdown of sugars occurs through fermentation, 

catalyzed by specific bacteria and yeasts, which generate carbon dioxide and alcohols. Starches 

are more resilient than sugars but are also converted into sugars via microbial processes and dilute 

mineral acids (Snyder et al., 2004; Shon et al., 2006). Generally, carbohydrates do not disrupt 
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conventional treatment methods. However, they are acknowledged to be fouling agents in 

membrane filtration techniques (Jarusutthirak, 2002; Shon et al., 2005b; Shon et al., 2006). 

Lipids are the third most abundant organic matter present in wastewater and can be 

measured as fatty acids (Shon et al., 2006). Their composition in wastewater can vary depending 

on the sources of the wastewater. For example, eggs, dairy products, meats, seafood and cooking 

oils are the major contributors of lipids to wastewater (McCance &  Widdowson, 1960; Raunkjaer 

et al., 1994; Huang et al., 2004). Lipids are a diverse group of organic compounds that include 

triglycerides, phospholipids, sterols, and waxes (Yao, 2014). Triglycerides are the most common 

lipid found in wastewater, and they are composed of three fatty acid chains attached to a glycerol 

molecule. They are often derived from fats and oils used in cooking and food processing (Beldean-

Galea et al., 2013). Phospholipids are also found in wastewater, and composed of a glycerol 

molecule, two fatty acid chains, and a phosphate group. They are commonly found in animal and 

plant cell membranes and can be a by-product of the breakdown of biological matter in wastewater 

(Chipasa & Mędrzycka, 2006). The presence of lipids in wastewater can cause problems such as 

fouling of equipment, reduced treatment efficiency, and environmental pollution (Shon et al., 

2006).  

Humic substances (HS) are complex, relatively large, and refractory organic compounds 

that are formed by the degradation of OM in dead plants and animals. They are naturally occurring, 

and are found in soils, sediments, bodies of water such as rivers, lakes, and oceans, and 

wastewaters (Stevenson, 1994; Zhu et al., 2022). Humic substances are composed of a mixture of 

different molecules, including humic acids, fulvic acids, and humin (Stevenson, 1994; Wilfert et 

al., 2015; Tran et al., 2015). They are typically characterized by their dark color, high molar mass 

(i.e., humic acids molar mass ranged between 2000 and 130,000 g/mol) (Steelink et al., 1985), and 
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ability to form stable complexes with metals and other organic compounds (Stevenson, 1994; 

Frimmel, 1999; Wilfert et al., 2015). Humic substances play an important role in soil fertility and 

plant growth, and are involved in many biogeochemical processes, including nutrient cycling and 

carbon sequestration (Li et al., 2019; Zhu et al., 2022). 

Humic substances lack well-defined chemical compositions which varies according to 

geographical origin, age, climate and biological conditions (de Melo et al., 2016). HS usually 

consist of covalently bonded molecules with aliphatic, phenolic (Boggs et al., 1985), and aromatic 

groups (Stevenson, 1994). It had been documented that humic acids are composed of multiple 

carbon rings that are linked to oxygen, nitrogen, and different functional groups such as peptide, 

hydroxyl, carbonyl, sulfhydryl, and carboxyl groups attached to the heterocycles at various 

positions as shown in Figure 2.8 (Stevenson, 1994; MacCarthy, 2001; Duan & Gregory, 2003). 

However, variation and arrangement of functional groups on HS impact their molecular 

characteristics and determine their interactions with other species (Zhu et al., 2022). In WWTPs, 

humic substances made up approximately 20% of the overall DOC in secondary effluents, and 

account for 10-20% of TOC in dry sludge (Wilfert et al., 2015).         

 

Figure 2.8 Proposed chemical structure for low molar mass (~ 2000 g/mol) humic acid molecule 
illustrating different functional groups. (Adopted from Stevenson, 1994).  
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2.4.1 Interactions of Iron and Organic Matter in Wastewater 

In CPR plants, where Fe(III) salts are used for P removal, it is important to maximize the 

interaction between Fe(III) and P to achieve low levels of P residuals in wastewater effluents. 

Dissolved organic matter DOM is abundant in wastewater and contains large molecules of 

different species including (i.e., proteins, carbohydrates, lipids, amino acids, nucleic acids, and 

humic substances) (Shon et al., 2006) that have various functional groups (i.e., carboxylic, 

phenolic, alcoholic, amino, and amido groups) (Stevenson, 1994; MacCarthy, 2001; Duan & 

Gregory, 2003) capable to interact with Fe(III) and thus impact CPR process (Wilfert., et al 2015; 

Zhu et al., 2022). Typically, DOM interacts with Fe(III) in wastewater through different pathways 

such as complexation to Fe(III) ions, adsorption to Fe(III) oxides, and oxidation/reduction (Wilfert 

et al., 2015; Huang et al., 2021; Zhu et al., 2022). 

DOM molecules can complex Fe(III) cations through out their carboxyl, hydroxyl, and 

phenolic groups resulting in the formation of stable soluble/insoluble organic-iron complexes 

(Duan & Gregory, 2003; Wilfert et al., 2015). Schwartzman et al, (2005) reported via Mössbauer 

spectroscopy analysis that Fe(III) can exist in the presence of organic matter as both oxides and 

non-oxides. Although Fe(III) can form binary complexes with DOM, it also can facilitate 

formation of ternary complexes between DOM and phosphate anions through cation bridging (i.e., 

DOM-Fe(III)-PO4) (Audette et al., 2020).  

The complexation process between Fe(III) and DOM is pH and DOM concentration 

dependent and the greater the acidity of the DOM molecules (determined by their functional 

groups), the more effectively they can chelate Fe(III) cations and heavy metals (Pandey et al., 

2000). However, Fe(III) cation complexation to DOC molecules can hinder its hydrolysis and 
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polymerization in wastewater and affect P removal process (Karlsson &  Persson, 2012; Wilfert et 

al., 2015).  

Adsorption of DOM to iron oxides can take place through electrostatic interactions, 

hydrogen bonding, ligand exchange, and hydrophobic interactions depending on the type of DOM 

functional groups (Zhang et al., 2015, Taujale et al., 2016). For example, at pH range between 6 

and 8 typical to wastewater pH, the surface charge of iron oxide is positive (beyond the point of 

zero charge (PZC)) and the ionization of carboxyl, hydroxyl, and phenolic groups associated with 

DOM develops a negative charge which induce an electrostatic interaction and leads to adsorption 

of DOM on solid iron oxide surface (Pullin and Cabaniss, 2003; Cabaniss et al., 2005). However, 

the extent of adsorption depends on the characteristics of both the DOM and the iron oxide, such 

as their size, shape, charge, and functional groups (Duan & Gregory, 2003; Wilfert et al., 2015). 

It is clear that DOM can compete with phosphate for binding sites on iron oxides, but it 

could also enhance P adsorption on iron oxides. It has been reported that DOM particularly humic 

substances can suppress crystallization of amorphous iron oxides and thus increase their adsorption 

capacity toward P (Huang et al., 2005; Wilfert et al., 2015; Yang et al., 2019). Moreover, studies 

have revealed that humic substances possess the ability to solubilize phosphorus from wastewater 

Fe-P solids by forming complexes with iron(III). However, by complexing with humic substances, 

Fe(III) can remain in a dissolved form but would not remove P (Lobartini et al., 1998; Wilfert et 

al., 2015). 

In addition, DOM can serve as an electron donor, promoting the reduction of iron oxides 

by iron reducing bacteria and increasing the concentration of soluble ferrous ions in the 

wastewater. This can result in a shift from ferric to ferrous iron species, wh ich can have 

implications for the subsequent treatment processes (Wilfert et al., 2015; Huang et al., 2021).  
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Ferric is less soluble than ferrous so there would be less phosphate removal if HFO particles (for 

example) are solubilized by reductive dissolution. 

Given the high abundance of DOM in WWTPs, their presence can significantly impact the 

speciation of Fe and P. Therefore, it is important to take their effects into account when studying 

P removal and recovery processes in wastewater. 

2.5 Current approaches for P release and recovery from Fe-P sludge 

In CPR plants, approximately up to 95% of soluble P in wastewater influents is captured 

in the sludge solids (Cornel and Schaum, 2009; Blöcher et al., 2012; Munir et al., 2017). However, 

40 to 90% of treated P is potentially recovered in the solids in the form of hydroxyapatite 

(Ca5(PO4)3OH), struvite (MgNH4PO4.6H2O), white phosphorus (P4), and vivianite 

(Fe3(PO4)2·8H2O) from P rich sewage sludge solids and sludge ash (Egle et al., 2016; Ye et al., 

2017; Li et al., 2017; Port et al., 2019; Jupp et al., 2021; Di Capua et al., 2022). At present, different 

technologies are employed in full and/or pilot scale for P recovery from Fe-P sludge including 

wet-chemical treatment, thermochemical treatment, and magnetic separation of Fe-P solids like 

vivianite (Ye et al., 2017; Port et al., 2019; Di Capua et al., 2022;  Kaljunen et al., 2022). 

A key step to achieve P recovery in CPR plants is to release P from Fe-P sludge to the 

liquid phase (Egle et al., 2015; Peng et al., 2018a). For example, in wet-chemical treatment 

technology P is extracted from wet Fe-P sludge and/or sludge ash by acid leaching (adding strong 

acids i.e., H2SO4) or alkali leaching (adding strong base i.e., NaOH). In acid leaching the dissolved 

metals associated with soluble P are removed from the acidified solution as sulfide precipitates by 

adding sodium sulfide (Na2S) and adjusting the solution pH by NaOH (i.e., Gifhorn process) 

(Rashid et al., 2020) or by complexation with chelating agents like citric acid (i.e., Stuttgart 
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process) (Meyer et al., 2019), then the solubilized P is recovered by struvite crystallization. Alkali 

leaching could have an advantage that heavy metals are not soluble in basic solutions particularly 

at pH < 13 which allows to separate P directly from them. However, in alkali treatment the  chance 

for some metal ions precipitation such as Mg2+ and Ca2+ is high which may affect P recovery as 

struvite (Ye et al., 2017). In Japan alkali leaching of P from Fe-P solids is practiced at Gifu WWTP 

where 60-70% of P is recovered from sewage sludge ash (Takaoka et al., 2010; Ye et al.; 2017).  

   In thermochemical treatment, P recovery is performed by subjecting the sewage sludge 

and/or sludge ash to different processes such as incineration, liquification, gasification, and 

pyrolysis (Munir et al., 2017). For example, the AshDec® (ASHDEC, 2008) technology which was 

tested in pilot-scale and put into operation from 2005 to 2008 in Leoben plant (Austria) utilized 

thermochemical treatment for P recovery in the form of soluble P and PK fertilizers. The sewage 

sludge/sludge ash is mixed with chlorides (i.e.,  NaCl, KCl, MgCl2 and CaCl2) at high temperatures 

(850–1000 °C) for 20 minutes in a rotary kiln. This process resulted in the removal of harmful 

heavy metals from sludge in the form of their corresponding volatile gaseous chlorides and 

concentrating P in sludge ash where potassium and nitrogen are added to produce multi-nutrient 

fertilizer (Ye et al., 2017; Hermann and Schaaf, 2019; Di Capua et al., 2022). However, when 

sodium sulfate Na2SO4 is added as reaction catalyst, P is recovered as Rhenania phosphates 

(CaNaPO4) (Vogel et al., 2016). Although thermochemical treatment is an effective technology 

for producing fertilizers that meet the standards (i.e., Europe fertilizer standards), it requires large 

amounts of energy for operation (Egle et al., 2016).  

Recovering P thermochemically in its pure elemental form such as white phosphorus (P4) 

is another practiced approach for P recovery from Fe-P sludge and sludge ash (Jung, 2005; Di 

Capua et al., 2022; Kaljunen et al., 2022). Thermphos® process which was applied in a full-scale 
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in Netherlands (2007-2012) utilized this method where gaseous P separates from the liquid phase 

by heating the sewage sludge/sludge ash to high temperatures (1500-1600 °C) in a furnace via 

coke burning or electric means. The recovered 99.99% pure P4  has various industrial applications, 

such as in the production of fertilizers, detergents, and semiconductors while the calcium-silica 

slag remaining in the furnace can be employed in road construction (Jupp et al., 2021; Di Capua 

et al., 2022). However, this process demands high energy, and the efficiency of P recovery is 

reduced when sludge contains high concentrations of iron due to the formation of FeP and FeP2, 

causing decrease in P4 yield. (Cossairt et al., 2010; Hoidn et al., 2021).  

Recently, magnetic separation of iron(III)-phosphate mineral (vivianite) is emerging as a 

promising technique for P recovery from CPR plants. In fact, vivianite is reported to be the most 

prevalent precipitate of Fe-P solids (80-90% of P bound to vivianite) in digested sludge when iron 

is employed for P removal during CPR process (Wilfert et al., 2018). Lab-scale tests conducted by 

Port et al, (2019) on real sludge samples indicated magnetic separation concentrating the vivianite 

by a factor of 2–3. Investigations on pilot-scale level revealed recovery of 80% of P from sludge 

and 60% of the P in the wastewater treatment process influent by magnetic separation (Wijdeveld 

et al., 2022). However, a typical application of magnetic vivianite separation employs Jones-type 

low energy magnetic separator used in the mining industry, followed by optional alkaline leaching 

to separate P from potential heavy metals (Kaljunen et al., 2022). Vivianite as P recovery product 

can be applied as a slow-release fertilizer in iron poor soils. Moreover, the operational cost for 

vivianite recovery is very low ( 0.3 €/kg Precovered) (Kaljunen et al., 2022). However, this approach 

is still at an early stage and further research is required towards optimization of separation 

efficiency which could be affected by several factors such as the size and shape of the vivianite 
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particles, the strength of the magnetic field, and the presence of organic matter and other minerals 

in the sludge (Port et al., 2019; Kaljunen et al., 2022; Di Capua et al., 2022). 

Obviously, P recovery from Fe-P sludge solids in CPR plants is challenging due to the 

complex composition of wastewater. In spite of employing different approaches for direct P release 

and recovery from Fe-P sludge and/or sludge ash, many limitations prevent expanding them to 

full-scale application including lower quality of the obtained P-based products, low environmental 

sustainability, high costs, and high energy consumption (Kaljunen et al., 2022; Di Capua et al., 

2022). However, a key factor to achieve the best practice of P recovery from Fe-P sludge is to 

address the chemistry of iron and phosphate in wastewater which is  not entirely understood 

(Wilfert et al., 2015; Korving et al., 2019). Moreover, considering the inorganic fraction of Fe -P 

sludge far from the disturbance of the interfering substances such as organic matter and bacteria 

will provide more insights and fundamental knowledge to the performance of P release from Fe-P 

sludge. 

2.6 Factors influencing P release from Fe-P sludge 

The process of P release from Fe-P solids is affected by several factors such as solution 

pH, sludge age, and iron redox chemistry (Wilfert et.al, 2015; Lu et al., 2016; Li et al., 2020). In 

the following subsections each factor is discussed.   

2.6.1 The influence of pH 

In wastewater, the interaction between Fe and P occurs through coprecipitation and 

adsorption mechanisms which are solution pH dependent (Smith et al., 2008; Wilfert et al., 2015; 

Ping et al., 2022). However, solution pH can be significantly influence and control Fe and P 
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speciation, Fe-P minerals and iron oxides stability and solubility, and the surface charge of 

precipitated iron oxyhydroxides (Flynn, 1984; Cornell and Schwertmann, 2003; Smith et al., 2008; 

Wilfert et al., 2015; Zhang et al., 2019; Ping et al., 2022).  

A strategy for P recovery from Fe-P sludge could start with liberating P from Fe-Ps through 

either desorption of P from HFOs’ surfaces or dissolution of HFOs which could be controlled by 

pH. For example, at high pH (> 8) and beyond the PZC of HFO surface, desorption of P is more 

likely to occur because of the increase of hydroxyl ion concentration which could exchange with 

P on HFO surface via ligand exchange mechanism (Awual et al., 2011; Wilfert et al., 2015). In 

addition, at high pH, the electrostatic repulsion between the negatively charged HFO surfaces and 

phosphate ions facilitates P desorption (Yoon et al., 2014; Wilfert et al., 2015). On the other hand, 

at low pH (< 3), solubility of HFOs and iron oxides increase,  and significant fractions of P are 

released (Petzet et al., 2011; Biswas et al., 2009). However, to achieve full dissolution of HFOs 

high acidic (pH=1) and basic (pH =13) conditions are necessary (Wilfert et al., 2015; Chakraborty 

et al., 2020; Sano et al., 2012). 

In WWTPs, chemical P removal is performed at pH ranged between 6 and 8 (Metcalf and 

Eddy, 2014; Wilfert et al., 2015). Thus, manipulating pH treatment for Fe-P sludge above and 

below this range could release P. An earlier study by Rydin (1996) revealed that P release from 

Fe-P sludge by artificial rainwater (pH = 5) under anaerobic conditions was found to be 3.8 fold 

higher than aerobic conditions. Kim et al. (2016) studied the effect of pH on leaching P from Fe-

P sludge obtained form vertical flow constructed wetland, where ferric salts were used as 

coagulants. Results revealed higher release of P under alkaline conditions (34%) than acidic (20%) 

which was attributed to low alkaline buffer capacity of the sludge. Lu et al. (2016) reported obvious 

release of P from simulated Fe-P coprecipitants (FePO4) at pH range between 4 and 10 with a 



Chapter 2  

32 
 

greater release achieved at pH 10. Other studies also showed a potential P release from Fe-P sludge 

at pH 11 (Chen et al., 2019) and pH 13-14 (Sano et al., 2012). Moreover, P release from Fe-P 

sludge under strong acidification (pH=1) was reported (Wilfert et al., 2015; Chakraborty et al., 

2020). 

Although the above findings confirm the considerable role of pH in releasing P from Fe-P 

sludge and sludge ash, the majority of studies investigated real Fe-P sludge samples in the presence 

of different wastewater interferences such as organic matter and microorganisms. However, very 

limited studies investigate the direct P release induced by pH from the pure inorganic forms of Fe-

P solids generated in CPR plants. Such basic studies are necessary in order to elucidate the details 

of Fe-P-pH interactions. 

2.6.2 The influence of sludge age 

Sludge age could have a considerable effect on P release from Fe-P solids since it affects 

the structure of HFO. Typically, the average residence times for Fe-P sludge in CPR plants ranged 

from 1 to 12 days. This could impact P release as within these residence times structural 

transformations of HFOs could occur. In fact, aging of HFOs has been reported to influence their 

reactivity (Bligh & Waite, 2010; Bligh et al., 2017), adsorptive/desorption capacity, and facilitates 

a transition from an amorphous to a more crystalline structure (Dzombak and Morel, 1990; Smith 

et al., 2008; Hauduc et al., 2015; Li et al., 2020).  HFOs with amorphous structures have larger 

surface areas and more available active sites than crystalline structures for phosphate to bind 

(Smith et.al., 2008; Hauduc et al., 2015) while aged HFOs possess lower adsorptive capacity 

compared to fresh HFOs (Conidi & Parker, 2015). Reduction in P release and recovery from aged 
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Fe-P sludge under acidic conditions has been reported and attributed to an increase in HFO particle 

size or degree of crystallinity depending on aging periods (Georgaki et al., 2004; Li et al., 2020). 

The mechanism how aging affects HFO structure and particularly its adsorption/desorption 

capacity depends on the time scale of aging. For example, long time spans extending from days to 

weeks are enough for fresh HFO structure to be crystalized resulting in lowering its surface area 

(Rose and Waite, 2007, Bligh and Waite, 2011) and adsorptive capacity (Conidi and Parker, 2015). 

Moreover, short time spans of hours to days, allow in turn aggregation and flocculation to take 

place among HFO particles which minimize the number of HFO accessible surfaces and active 

sites (Gilbert et al., 2009, Bligh et al., 2011). Li et al. (2020) conducted a study to investigate the 

transformation of Fe-P complexes in bioreactors under different aging periods using X-ray 

Absorption Near-Edge Structure Spectroscopy. The study revealed that ferrihydrite (HFO) was the 

primary Fe species up to day 4, and goethite was identified in the sludge after day 7, constituting 

5% of the total Fe  compositions, which increased to 9.4% after 30 days of aging. Therefore, it is 

essential to consider the impact of HFO structural morphology changes on the direct release of P 

from Fe-P sludge during aging, as there is a paucity of research on this subject.  

2.6.3 The influence of iron redox chemistry 

Iron (Fe) is the fourth most abundant element by mass in the Earth’s crust (Colin and 

Micheal, 2012). It is found in nature in a wide range of oxidation states that vary between -2 to +6 

but the most common are the ferric Fe(III) as in hematite (Fe2O3) and the ferrous Fe(II) as in 

siderite (FeCO3) (Colin and Micheal, 2012, Huang et al., 2021). Iron can swing between its two 

common oxidation states upon interaction with water and oxygen, thus, iron plays an important 
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role in various environmental processes particularly those redox reactions involved in sediments, 

soil, and atmosphere (Cornell and Schwertmann, 2003; Huang et al., 2021).  

The redox chemistry of iron has shown a noticeable effect in retaining and mobilizing P 

from iron-phosphate minerals occurring in soil and sediments Figure 2.9 (Smolders et al., 2006; 

Cornell and Schwertmann, 2003). In shallow water bodies, iron-phosphates exist in the top layer 

of bottom sediments where they are subjected to oxic-anoxic cycling and redox fluctuations that 

alter their mobilization and speciation (Parsons et al., 2017; Zaaboub et al., 2014). Similarly , at 

WWTPs Fe-P sludge in the bottom of sedimentation tanks could pass through aerobic-anaerobic 

conditions that facilitate P release from Fe-P sludge by oxidizing or reducing iron (Lu et al., 2016; 

Wilfert et al., 2015). 

                                

                   Figure 2.9 Role o f iron redox chemistry in mobilizing P 

In WWTPs that use ferric salts for P removal, Fe-P sludge is exposed to a wide range of 

oxidation reduction potentials (ORPs) that extends from -300 mV up to +200 mV through 

aerobically and anaerobically treatments (Wilfert et al., 2015). This variation in ORPs along with 

other factors such as solution pH, sulfides, and microorganisms, could impact the redox forms and 

speciation of iron in wastewater. For example, ferric iron in Fe-P sludge could be reduced to 

ferrous iron chemically by sulfides forming sparingly soluble FeS solids, or/and biologically by 
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iron reducing bacteria under anaerobic conditions thus releasing P (Ge et al., 2013; Wilfert et al., 

2015; Batstone et al., 2015;). However, in the absence of sulfides  ferrous ion released by reduction 

of Fe(III) solids could bind to the released Portho and (a) precipitate as vivianite (Wilfert et al., 2016, 

Port et al., 2019), (b) precipitate as iron oxides that include both ferric and ferrous ions such as 

green rust (Weber et al., 2006; Cornell and Schwertmann, 2003; Huang et al., 2021), or (c) oxidized 

by electron acceptors like oxygen or nitrates and iron oxidizing bacteria in aerobic and anaerobic 

conditions respectively (Posth et al., 2014). 

In the absence of sulfides, the speciation pathways of Fe-P solids in wastewater under 

different redox conditions and solution pH values is illustrated in Figure 2.10. At normal aerobic 

conditions and pH ranged between 6-8 Fe(III) hydrolyze in water and form HFO which bind Portho 

either by co-precipitation or/and adsorption forming HFO-P solids. At low solution pH values <5 

direct interaction between Fe(III) and Portho occurs and strengite may form. When Fe(III) reduction 

takes place under anaerobic conditions the formed Fe(II) binds Portho and form vivianite at pH 7. 

Moreover, Fe(II) could hydrolyzes in water under circumneutral pH forming soluble 

Fe(II)hydroxides which become insoluble at high pH values. However, upon oxidation of 

Fe(II)hydroxides, HFOs are generated and bind Portho by forming HFO-P solids.  
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Figure 2.10 Speciation pathways of Fe-P solids under different redox conditions in the absence of 
sulfides. (HFO in the figure represents hydrous ferric oxide) 

Different studies highlighted the role of Fe redox cycling in mobilizing P from iron Fe-P 

sludges in wastewater. Kim et al. (2016) studied the effect of ORPs on leaching P from Fe-P sludge 

obtained form vertical flow constructed wetland, where ferric salt used as coagulant. They reported 

that the highest release of P 39.5% was under reduced conditions of  (-176 ± 113 mV/SHE). Lu et 

al. (2016) reported higher rates of Fe and P release from synthetized Fe-P coprecipitants at reduced 

conditions compared to oxidized ones under near-neutral pH. Also, a noticeable P release rates 

(>15% ) were observed to occur after 48 hours at ORPs ranged between -261 mV and -194 mV. 

The effect of sulfides on P release form Fe-P sludge has also been investigated. Kato et al. 

(2006) studied the addition of sulfides to pre-coagulated Fe-P sludge and lab simulated iron(III) 

phosphate sludge at pH range between 5.3 and 6.9 and molar ratios of S:Fe between 1.0 and 2.0. 

Results showed P release up to 44% and 92.8% respectively. In another study by Likosova et al. 

(2013), the effects of different variables including pH, sulfide dosing rate, and mixing time were 
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investigated on recovering P by sulfides from synthetic iron(III) phosphate sludge. For S:Fe molar 

ratio of 1.5, (70 ±6 %) of P release was achieved and (92 ±6 %) for 2.5 S:Fe molar ratio at pH 4. 

Wilfert et al, (2020) reported efficient P release (60%-92%) from different types of synthetic Fe-

P solids and sewage sludge with various Fe/P molar ratios by sulfides treatment within one hour 

reaction time. However, this treatment has some drawbacks such as decrease in sludge 

dewaterability and the limited net phosphate dissolution from the Fe-P rich sewage sludge. 

Currently, major fraction of research focusing on vivianite as P recovery product rely on 

the natural occurrence of vivianite in wastewater induced by microorganisms (O’Loughlin et al., 

2013; Rothe et al., 2016; Wilfert et al., 2016; Y.Wu et al., 2019). However, introducing chemical 

reducing agents as an approach for releasing P from Fe-P sludge is still limited to sulfides (Wilfert 

et al., 2020). Recently, as an alternative, tests were performed to generate vivianite by chemically 

induced reduction of Fe(III) to Fe(II) using, ascorbic acid (AA) known as vitamin C (Xu et al., 

2023). In this study by Xu et al, (2023) it was found that waste activated sludge can release 67.1% 

of its phosphorus content as vivianite through the use of AA and pH adjustment. This finding 

suggests that the iron-reducing activity of AA at acidic pH can be a promising approach for 

recovering phosphorus from Fe-P rich sludge in the form of vivianite. 

2.7 Phosphorus recovery products 

In WRRFs depending on the type of recovery process, P is recovered from liquid phase in 

the form of P-containing compounds by chemical precipitation/crystallization, and magnetic 

separation (Di Capua et al., 2022). Struvite (MgNH4PO4.6H2O), hydroxyapatite (Ca5(OH)(PO4)3), 

and vivianite (Fe3(PO4)2·8H2O) are the most common P recovery products (Mehta et al., 2013; 

Hermassi et al., 2015; Liu et al., 2018). Hence, struvite and vivianite products are discussed below. 
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2.7.1 Struvite  

The widest applied method for P recovery is through precipitating P by magnesium in the 

presence of ammonia at slightly basic pH (8-11). The generated product as illustrated in equation 

(2.4) is magnesium ammonium phosphate (MgNH4PO4.6H2O) known as struvite (Corre et al., 

2009; Kumar and Pal, 2015; Peng et al., 2018a; Li et al., 2019). This product has the advantage of 

also including nitrogen and magnesium as nutrients for potential application as fertilizer.  

Mg2++ NH4
+ + HnPO4

n-3
+ 6H2O → MgNH4PO4.6H2O + nH

+
                                                   (2-4)  

where n= 0, 1, or 2 (Peng et al., 2018a). Struvite precipitation is commonly practised in 

enhanced biological phosphorus removal (EBPR) plants where it is possible to obtain P 

concentrations high enough for precipitation (Rittmann et al, 2011). It is observed that under 

certain conditions and depending on the composition of the wastewater, unintended self -

precipitation of struvite can occur causing scaling in pipes and fouling which affects WWTP 

efficiency and increase maintenance costs (De-bashan and Bashan 2004). However, P recovery 

can be deliberately managed through the process of struvite crystallization (Peng et al., 2018a). 

The formation of struvite is influenced by various factors such as pH, supersaturation, 

molar ratios of component ions, the type of seed, sources of Mg2+, and coprecipitation with Ca2+. 

When it comes to inducing struvite crystallization, the presence of Mg2+, NH4
+
, and PO4

3-
 in 

wastewater triggers the precipitation of phosphorus and reduces the concentration of soluble 

phosphorus and ammonia within the induction period. For intentional struvite precipitation, it is 

recommended to maintain equimolar concentrations (1:1:1) of Mg2+, P, and NH4
+
, an alkaline pH 

above 7.5, and low levels of suspended solids (Shepherd et al., 2016; Shih et al., 2017; Peng et al., 

2018a).   
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The efficiency of P recovery by struvite from municipal wastewater was reported to range 

between 60% and 90% depending on the chosen technology (Lahav et al., 2013; Peng et al., 

2018a). Moreover, struvite counts for approximately 20-50% of P recovered from the total influent 

P load in WWTPs (Wilfert et al., 2015; Egle et al., 2016). It is used as slow release fertilizer as it 

contains two major nutrients N and P (Li et al., 2019). Furthermore, struvite precipitation process 

is commercialised and operated with several full scale applications in WWTPs around the world 

(i.e., MagPrex® (formerly AirPrex®), Ostara Pearl®, Phosnix®, and PHOSPAQTM) (WEF, 2011). 

Although struvite crystallization from the liquid phase of anaerobically digested 

wastewater sludge has been applied on a full scale through different technologies, this method has 

been successful in treating wastewater with P concentrations ranging from 100 to 200 mg/L and 

slightly alkaline conditions. However, it is not suitable when the concentrations of P and NH4
+
, as 

well as pH, do not meet the conditions required for the formation of struvite (Angel,  1999; 

Capdevielle et al. 2016).   

2.7.2 Vivianite  

Vivianite (Fe3(PO4)2·8H2O) is a stable crystalline authigenic iron phosphate mineral, 

frequently found in sedimentary environments and soils, particularly under anaerobic non-sulfidic 

conditions with rich Fe(II) and P content (Nriagu, 1972; Rothe et al., 2014; Dijkstra et al., 2016; 

Y.Wu et al., 2019). It was named after the English mineralogist John Henry Vivian (1785–1855) 

and belongs to mineral group (M3(XO4)2·8H2O, where M = divalent Mg, Mn, Fe, Co, Ni, Cu, Zn, 

and X = P or As) (Rouzies and Millet, 1993; Rothe et al., 2014).  

Freshly formed pure vivianite appears as a colorless/white mineral, and gradually turns 

green and then blue when exposed to oxygen for extended periods (Rothe et al., 2014). Typically, 
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Fe(II) oxidizes instantly to Fe(III) at room temperature, and the oxidation process reaches 

equilibrium when the half concentration of Fe(II) is oxidized to Fe(III). However, under higher 

concentrations of Fe(III), vivianite transforms into metavivianite and with further oxidation, the 

mineral changes into Fe(III)-rich metavivianite, and ultimately into a black amorphous mineral 

containing Fe(III) and P (Rothe et al., 2016; Y.Wu et al., 2019; Zhang et al., 2022). Vivianite is 

stable due to its low solubility (Ksp=10-36) at circumneutral pH which makes it a main sink for 

soluble Fe(II) in P rich environments (Miot et al. 2009; Wang et al., 2019).  

Similar to the sedimentary environments and wetland soils, a spontaneous formation of 

vivianite is observed during anaerobic wastewater/sludge treatment in CPR plants that use iron 

salts (Wilfert et al., 2016, 2018; ). Several researchers reported vivianite occurrence in surplus, 

activated, and digested sludge (Wilfert et al., 2016, 2018; Port et al., 2020; Deng et al., 2020). 

Moreover, vivianite scaling problems were pointed out in different zones of WWTPs such as 

thickened sludge pipes, heat exchangers, and around dewatering centrifuges of undigested sludge 

(Prot et al., 2021).  

The main pathway for vivianite formation in wastewater is mediate by microbial activity 

where Fe(III) in Fe-P solids is reduced to Fe(II) through extracellular electron transfer (EET) 

induced by dissimilatory metal-reducing bacteria (DMRB), which act as electron doner species as 

illustrated in equation (2-5) (O’Loughlin et al., 2013; Rothe et al., 2016; Y.Wu et al., 2019).  This 

reductive microbial process lead to the accumulation of Fe(II) and P in sludge liquor and vivianite 

begins to form when saturation conditions are reached (see equation (2-2) section 2.3). However, 

vivianite formation is primarily a chemical process that can be influenced by a range of factors, 

such as microorganisms, temperature, pH levels, the Fe/P molar ratio, sulfate concentration, heavy 
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metals, organic matter, and alkalinity (Rothe et al., 2016; Liu et al., 2018; Y.Wu et al., 2019;  

Zhang et al., 2022). 

Fe(OH)
3(s)

+ 3H(aq)
+

+ e- → Fe(aq)
2+

 + 3H2O(aq)                                                                               (2-5) 

At present, different qualitative and quantitative analysis methods are employed for 

vivianite detection in wastewater sludge and environmental samples (i.e., sediments) (Zhang et al., 

2022; Wang et al., 2021). For example, powder X-ray diffraction (PXRD) is a common analysis 

technique used to identify vivianite by mineral phase. However, it is limited to only  crystallized 

vivianite (ideally 10–50 μm particles) (Salehin et al., 2020) and requires a minimum of 5% weight 

of vivianite in a sample to obtain the three most intense peaks characterizing vivianite (Rothe et 

al., 2014). X-ray absorption spectroscopy (XAS) (Li et al., 2018), and Mössbauer spectroscopy 

(Wang et al., 2019; Wilfert et al., 2016) are alternative approaches used to analyze vivianite 

qualitatively and quantitatively but also have some limitations including oxidation of vivianite 

during sample preparation and the demand for synchrotron facilities for XAS and specialized 

instrumentation for Mössbauer spectroscopy (Li et al., 2018; Wang et al., 2021). Moreover, 

vivianite can be identified based on its elemental content by inductively coupled plasma-optical 

emission spectroscopy (ICP-OES) after acidic digestion of the samples. In addition, a 

quantification method that allows for separation as well as quantification of vivianite-P in sewage 

sludge was developed by addition of the Bipy-extraction step (0.2% 2,2′ -bipyridine + 0.1 M KCl) 

to a sequential P extraction method (SEDEX) protocol (Gu et al., 2016; Wang et al., 2021). 

Recently, P recovery via vivianite has been at the forefront research due to its advantageous 

characteristics such as being naturally abundant, readily available, and economically viable 

(Wilfert et al., 2018 , 2015 , 2016). However, comparing to struvite, vivianite possesses desirable 
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properties as it has a wide range of applications including agriculture (i.e., slow-release fertilizer 

in soils lacking Fe) (De Santiago et al., 2013; Jowett et al., 2018), electronic industry (i.e., key 

precursor for LiFePO4 synthesis) (Rao and Varadaraju, 2015; Zhang et al., 2021), environmental 

remediation (i.e., removing heavy metals such as As(III)) (Taylor et al., 2008; Cai et al., 2020), 

and has been used as blue pigment over the years (Coccato et al., 2017). Furthermore, Zhang et al, 

(2022) reported higher market price for vivianite (10,000 €/ton) compared to struvite (500 €/ton). 

Looking at the moderate pH range for vivianite formation (6-8), thermodynamic favourability, 

higher recovery efficiency (82.6%) (Cao et al., 2019), and easy separation process due to  magnetic 

properties, have made operational condition more convenient for targeting P recovery as vivianite 

compared to struvite (Li et al., 2021; Wijdeveld et al., 2022).  

2.8 Geochemical modeling approach  

Modeling is a well-established tool in science and facilitates understanding complex 

systems, designing experiments, making predictions, interpreting experimental results, and  

identifying knowledge gaps (Roman & Hartmann, 2020). For example, when it is difficult to 

understand a specific system through observation only, creating a model of this system will provide 

insights into the underlying interactions and mechanisms that drive the system’s behaviour 

(Roman & Hartmann, 2020). Therefore, many scientific disciplines implement modeling in their 

contexts.  

In the field of geochemistry, modeling is widely applied for understanding the chemistry 

and behavior of geological systems. This includes soils, groundwater, surface water, and industrial 

processes, such as mining and oil extraction. Basically, geochemical software models are 

developed to employ chemical thermodynamics and chemical kinetics for describing the 
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interactions between different chemical species in a system. Hence, geochemical modeling can be 

used to simulate chemical equilibrium systems, predict the fate and transport of contaminants in 

the environment (heavy metals and organic pollutants), evaluate groundwater quality, and identify 

mineral deposits under different environmental conditions (Zhu & Anderson, 2002). At present, 

different geochemical software models are available such as PHREEQC (US Geological Survey), 

Visual MINTEQ 3.1, and PHAST (U.S. EPA). The choice of software will depend on the specific 

research question and the level of complexity required for the modeling.  

Modeling have been successfully used in WWTPs as significant engineering tool in 

research, process design, control and optimization of physical, chemical and biological processes  

(Henze et al. 2000). Looking at the complexity of wastewater matrix, many physiochemical 

processes similar to those found in geological systems are taking place in wastewater such as acid-

base reactions, dissolution/precipitation reactions, chemical redox reactions, and surface 

complexation (sorption/desorption) reactions (Batstone et al. 2012). This allows applying 

geochemical models to wastewater in a number of ways to help describe, understand, and manage 

chemistry of wastewater. For example, to predict formation of mineral scales in wastewater 

treatment systems, predict the effectiveness of different types of chemical coagulants in removing 

specific contaminants from wastewater, and simulating the chemical reactions that occur as the 

wastewater mixes with the receiving water.  

In this doctoral research, employing geochemical modeling are used for predicting, 

understanding, and interpreting the chemical behaviour of Fe-P sludge in terms of speciation at 

chemical equilibrium. P release and recovery processes are usually operated under stable 

conditions that allow the use of equilibrium models to describe these processes (Solon et al., 2019). 

Moreover, aqueous phase models and precipitation models could be used to describe the 
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interactions between phosphorus, iron and other different species in wastewater once equilibrium 

state is reached (Solon et al., 2019). In this study, chemical equilibrium simulations for P release 

and recovery from Fe-P sludge system under different experimental conditions were conducted 

using PHREEQC version 3.0 (US Geological Survey). 

PHREEQC (PH REdox EQuilibrium (in C language)) is a geochemical modeling software 

that was developed by the US Geological Survey (USGS). It is broadly used in science fields to 

model and simulate the chemistry of aqueous systems, such as groundwater, surface water, and 

soil water. PHREEQC can perform numerous aqueous calculations, including ion speciation, 

precipitation/dissolution reactions, surface complexation reactions, chemical redox reactions, 

batch reactions, and saturation index (SI) calculations based on input solution characteristics such 

as pH, Eh, and ion concentrations. It is a versatile and powerful tool for investigating water 

chemistry and understanding chemical reactions in aqueous systems. In addition, the PHREEQC 

database is highly customizable, as it allows the users to modify thermodynamic data, reaction 

kinetics, and other parameters to the database to define various chemical systems. A detailed 

description of different PHREEQC simulations utilized in this research is provided in chapters 

three and four. 
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Chapter 3 - Insight into Direct Phosphorus Release from Simulated 

Wastewater Ferric Sludge: Influence of Physiochemical Factors 

 

 

 

3.1 Abstract 

Phosphorus recovery from chemical phosphorus removal (CPR) plants is limited. CPR 

plants that use iron salts for phosphorus removal generate iron phosphate (Fe-P) rich sludge. This 

study investigates the influence of pH and competing anions (chloride), on phosphorus and soluble 

iron release from lab simulated Fe-P sludge.  Factors influencing recovery, such as sludge age and 

Fe/P molar ratio are also investigated. Results showed that alkaline treatment of Fe-P sludge was 

not effective in releasing Fe (<3%) but effective in releasing P, particularly at controlled pH value 

of 10 where the %P release was (90±2%). Sludge ageing time did not affect P release from Fe-P 

sludge at ages less than 5 days. However, a remarkable decrease in %P release (i.e., 50% reduction) 

was observed at ages of 9 and 11 days for pH values of 9-10. Arsenic extraction of exchangeable 
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surface bound P from Fe-P sludge and surface area determination of hydrous ferric oxide (HFO) 

under different aging times supported qualitatively the internalization of surface bound P during 

aging, which is a proposed mechanism responsible for the decrease in P release for older sludge. 

Chloride effect in releasing P from Fe-P sludge was negligible. The reduction in P release by aging 

was best described by a zero-order kinetic model. Modeling with the PHREEQC geochemical 

software did not always agree with the measured release of phosphorus from the Fe -P sludge. 

PHREEQC assumes all surface sites for phosphorus are exchangeable and has no mechanism to 

represent phosphorus trapped within HFO particles. 

3.2 Introduction 

The excessive demand on natural phosphorus (P) resources will lead to a world -wide 

scarcity and near depletion of these non-renewable resources in a few decades (Cordell et al., 2009; 

Kok et al., 2018). Hence, alternative sources of P will be required, as it is a key ingredient in the 

fertilizer industry, where about 18±3.5 Mt P/year are consumed (Cordell and White, 2014). 

Municipal wastewater contains P and could be an alternative, sustainable and renewable source, 

where approximately 1.3 Mt P/year is treated globally in water resource recovery facilities 

(WRRFs) (Wilfert et al., 2015; Peng et al., 2018a). Therefore, modern wastewater treatment plants 

(WWTPs) are shifting their focus from simple P removal to P recovery (Peng et al., 2018b).  

Various methods have been established and applied to recover P at WRRFs. These include 

acid leaching of sludge incineration ash (Li et al., 2017; Chakraborty et al., 2020; Liang et al., 

2021), acidogenic co-fermentation of P rich sludge (Li et al., 2019; Li et al., 2020), 

adsorption/desorption and ion exchange technologies (Sendrowski and Boyer, 2013; Loganathan 

et al., 2014; Paripurnanda et al., 2014; Gray et al., 2020), and chemical precipitation using calcium 

and magnesium salts (Peng et al., 2018a). Among these approaches, struvite (MgNH4PO4.6H2O) 
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precipitation, in plants utilizing biological phosphorus removal, is the most extensively practiced 

approach for P recovery as fertilizer (Ye et al., 2017); many treatment plants use chemical methods 

for P removal though, and it is important to investigate possible approaches to P recovery from 

such plants. 

  Chemical P removal (CPR) is widely employed for removing P from wastewater (Szabo et 

al., 2008). CPR plants generate iron phosphate (Fe-P) rich sludge due to the interaction of the metal 

cations with orthophosphate (Portho) ions in wastewater (Peng et al., 2018b; Venkiteshwaran et al., 

2018). Thus, a challenging, but potentially pragmatic approach, would be to recover P directly 

from sludge generated by CPR plants that use iron (Fe (III)) salts for P removal.   

The mechanisms  through which Fe-P sludge is generated in CPR plants include direct/co-

precipitation, and adsorption (Smith et al., 2008; Wilfert et al., 2015). Under aerobic conditions P 

interacts with Fe(III) and forms different solids, where the most likely are iron-phosphate minerals 

(i.e., strengite (FePO4·2H2O)), iron-hydroxyphosphate (FenPO4(OH)3n-3) and Portho adsorbed to 

hydrous ferric oxide (HFO) surfaces (Smith et al., 2008, Wilfert et al., 2015, Wu et al., 2015, 

Zhang et al., 2019). HFO is the solid formed via hydrolysis of added ferric cations during CPR 

(Smith et al, 2008, Hauduc et al., 2015, Zhang et al, 2019; Ping et al., 2022).  Smith et al. (2008) 

reported that soluble Portho is removed from wastewater at circumneutral pH by co-precipitation 

into HFO structure and/or adsorption to existing HFO surfaces. Moreover, a dynamic 

physiochemical model developed by Hauduc et al. (2015) described two types of P that are 

incorporated into HFO structure during the CPR process which are internal P (P trapped inside the 

structure of HFO by co-precipitation) and external or exchangeable P (P adsorbed to HFO surface). 

Considering the different forms of how P is incorporated to HFO will lead to best understanding 

P release and recovery from Fe-P solids. 
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Previous studies of P recovery from wastewater ferric sludges have focused on releasing P 

from the sludge and then precipitating it as struvite (Acelas et al., 2015; Peng et al., 2018a; Chen 

et al., 2019). Physiochemical factors like pH, sludge aging, reducing conditions, and the presence 

of competing ions have been found to play an important role in P release (Wilfert et al., 2015, Li 

et al., 2020). For example, it has been reported that 80% of P was released from anaerobically 

digested sludge compared to 25% from non-digested sludge by acidifying sludge samples collected 

from plants that use biological phosphorus removal combined with iron dosing (Quist-Jensen et 

al. 2018). When acidic and anaerobic conditions were combined in an acidogenic co-fermentation 

process Fe(III) was reduced to Fe(II) resulting in the release of 75% of the P from fresh Fe-P sludge 

(Li et al., 2020).  

In contrast, alkaline pH had showed P release by dissolution of Fe-P sludge or by 

replacement of Portho  by OH
-
 via ligand exchange mechanism (Wilfert et al, 2015; Xu et al, 2018). 

Sano et al. (2012) pointed out that P extraction from raw Fe-P sludge under alkali pH 13-14 was 

22% more efficient than acid extraction at pH 2. Chen et al. (2019) also reported 69% release of P 

from raw Fe-P sludge at pH 11 by applying an alkaline fermentation method. It is clear that acidic 

and basic pH showed a potential for P release from wastewater ferric sludges. In fact, previous 

studies have focused on pH effect on direct P release from real wastewater ferric sludge samples. 

Information on P release from the pure inorganic forms of Fe-P solids generated during CPR in 

the absence of organic and inorganic interferences and over a wide range of pH values will provide 

fundamental insights into the processes and mechanisms that are active. 

In CPR plants the estimated retention times of Fe-P sludge ranges between 1 to 12 days. 

Transformations in HFOs structures can take place as solids age and later impact P release from 

Fe-P sludge (Wu, et al., 2015; Li et al., 2020). Aging affects HFO structure and particularly its 
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adsorption/desorption capacity has been found to depend on the aging time. Long time spans, 

extending from days to weeks, are enough for fresh HFO structures to crystalize resulting in a 

reduction in  surface area  (Smith et al. 2008; Bligh et al., 2011) and adsorptive capacity (Conidi 

and Parker, 2015). Moreover, short time spans of hours to days, allow in turn aggregation and 

flocculation to take place among HFO particles which minimize the number of HFO accessible 

surfaces and active sites (Gilbert et al., 2009, Bligh et al., 2011). Li et al. (2020) studied the 

transformation of Fe-P complexes in bioreactors under different aging periods. They found that up 

to 4 days, ferrihydrite was the main Fe species and after 7 days goethite was identified with 5% of 

the sludge composition, which was raised to 9.4% after 30 days of aging. Therefore, it is important 

to consider the effect of HFO structural morphology transformations on direct P release from Fe-

P sludge during aging, as very limited studies addressed th is effect.  

In CPR plants Fe-P sludges are generated over a range of Fe/P molar ratios and solids ages. 

Few studies have addressed the influence of these conditions on P release from Fe-P sludge when 

acidic/alkaline and competing ion treatments are employed in the absence of interferences from 

the complex wastewater matrix. This study investigated P release from simulated ferric sludges 

with different Fe/P molar ratios and ages as a function of pH and NaCl dose in the absence of such 

interferences. Arsenate (As(V)) extraction and fluorescein dye adsorption tests were employed as 

independent measures to assess surface exchangeable P and the surface area of HFO particles 

respectively. Furthermore, to help interpret experimental data, modeling with the PHREEQC 

geochemical software was conducted to simulate the release of phosphorus and iron from the Fe-

P sludges. The results of this detailed investigation establish the theoretical and practical potential 

for P release and recovery from the inorganic fraction of wastewater f erric sludges. 
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3.3 Materials and methods 

3.3.1  Simulated sludge preparation and sampling protocol 

All chemicals involved in this study were reagent grade and used without further 

purification. All solutions were prepared using ultrapure water (Millipore, resistance >18.2 MΩ). 

A modified inorganic only version (with acetate removed) of a previously reported synthetic 

wastewater recipe (Jung et al., 2005) that contained MgSO4, CaCl2, NaHCO3 and Na3PO4 (actual 

concentrations are presented in supplementary information Table A1.1) was employed. The 

synthetic wastewater was designed to mimic the inorganic composition of secondary-treated 

wastewater.  

An iron (III) solution with ambient pH of 2.5 was prepared by dissolving FeCl3.6H2O  

(136 mg Fe/L) in the synthetic wastewater. A fresh Fe-P sludge with a molar ratio of Fe/P of 1.5 

was prepared by adding the FeCl3 solution to one liter of synthetic wastewater containing Na3PO4 

with total P concentration of 50 mg P/L under fast mixing (600 RPM) for 15 minutes. Following 

the above procedure, the prepared sludge had a pH of 6.35±0.2 which is typical of the pH range 

(6-8) observed at WWTPs using CPR (Metcalf and Eddy, 2014; Wilfert et al., 2015). Samples with 

a volume of 20 mL were transferred from the one liter sludge suspension, while it was mixed at 

high rate (600 RPM) on magnetic stirrer to ensure consistent homogenous sample composition. 

The samples were subsequently centrifuged at 4500 RPM for 30 minutes and decanted prior to 

their use in batch desorption tests. The concentration (w/v) of total suspended so lids (TSS) was 

measured by filtering 20 mL samples using 0.45 µm cellulose nitrate membrane filters (Whatman, 

pore size 0.45 µm, diameter 47mm). The filter paper was then dried inside a desiccator at room 

temperature for 24 hours and the mass of TSS was measured. 
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3.3.2  P release batch experiments 

The effect of pH and NaCl treatment on P and Fe release from the simulated ferric sludges 

was conducted in batch desorption experiments that were performed at 22±1 ℃. All tests were 

conducted in 50 mL centrifuge tubes containing equal masses of dewatered sludge (approximately 

10 mg dry weight) mixed with 20 mL of synthetic wastewater that were placed on a rotary shaker 

for 48 hours. At different time intervals three centrifuge tubes were sacrificed and filtered through 

0.45 μm cellulose nitrate filter membranes after measuring their pH values. A 0.2 mL of 

concentrated (37%) HNO3 acid, were added to each 20 mL filtrate sample to ensure complete 

digestion before measuring the concentrations of total soluble phosphorus (TP) and total soluble 

iron (TFe). Each batch experiment was run in duplicate. 

In CPR plants chemical P removal is performed at pH values ranging between 6 and 8 

(Metcalf and Eddy, 2014; Wilfert et al., 2015). Thus, the effect of manipulating pH above (9-12) 

and below this range (pH 2) on P release was evaluated. Experiments assessing the impact of pH 

on dissolution were carried out in two ways, under controlled and non-controlled pH conditions. 

For the latter, the pH of the synthetic wastewater was adjusted before mixing with the sludge solids 

using small volumes of either NaOH (1.0 M) or H2SO4 (0.5 M) solutions. The target values were 

adjusted such that target pH values of 2, 10 or 11 were obtained after mixing with sludge. The pH 

was not further adjusted, but it was recorded, after the solids were mixed with the wastewater. For 

controlled pH experiments manual titration with NaOH (1.0 M) to maintain constant pH values at 

6, 7, 8, 9, 10, 11 and 12 was performed throughout 8 hours of reaction time, where the steady state 

was approximately reached based on the preliminary results.  
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 The impact of sludge age on dissolution was investigated at pH values of 2, 9, and 10 with 

sludges that were aged at ambient pH (6.35-7.35) for periods of 0, 5, 9, and 11 days. The sludge 

solids were aged in 1 L glass beakers that were kept in dark at 22±1℃. 

Experiments that assessed the effect of NaCl concentration on Fe and P release from 

artificial sludge were performed by adding fresh sludge solids to 15 mL of synthetic wastewater 

that was amended to have an NaCl concentration of 0.1 M to achieve a Cl/P molar ratio of 70.5. 

The pH of the solution was not adjusted in these tests and ranged between 7 and 7.5.  

In all experiments the initial concentrations of TP and TFe in sludge solids that were used 

to calculate the percent release of P and Fe were determined by acid digestion (adding 20 mL of 

10% HNO3) of the solid sludge obtained after the centrifugation step and before mixing with 

synthetic wastewater. The digested solution was analysed by ICP-OES (see section 3.3.5 below). 

For mass balance monitoring in each experiment, three centrifuge tubes after 48 hours were filtered 

separately and the sum of masses of TP and TFe in filtrate solution and remained solid sludge 

(after digestion) was determined and compared with the initial masses for each tube. A more 

detailed description of the mass balance methodology can be found in the supplementary 

information (Table A1.2; Table A1.3). The release of TP and TFe was determined as the ratio of 

the measured concentrations at each time interval to the initial concentrations.  

3.3.3  Surface bound P determination experiments 

It was deemed important to quantify the amount of exchangeable P in the Fe-P sludge using 

an independent measure to better understand the mechanisms of P release with alkaline treatment 

and the role of sludge age in this regard. Hence, the exchangeable surface P was assessed by 

measuring the P released into solution after arsenate (As(V)) treatment as phosphate (PO4
3-) and 

arsenate (AsO4
3-) have similar chemistry and structural properties (O`Reilly et al., 2001). Arsenate 
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has been demonstrated to compete with phosphate for active sites on several minerals including 

calcite (Sø et al., 2012) and iron oxides like goethite (Puccia et al., 2009), and ferrihydrite 

(Neupane et al., 2014). 

Arsenic (V) extraction tests were performed in batches at pH 6 to quantify the surface 

bound P that is exchangeable with As in the Fe-P solid sludges with ages of 0, 5, 9, and 11 days. 

In 50 ml centrifuge tubes, 20 ml of 0.01M arsenate solution (prepared by dissolving 3.2 g of 

Na2HAsO4.7H2O in 1 liter of ultrapure water at 22±1 ℃) were added to prewashed sludge solids 

(10±0.5 mg dry weight). The pH was adjusted to 6 with diluted H2SO4 solution and tubes were 

placed in a shaker. The concentration of arsenate solution was chosen to attain a molar ratio of 

total P to total As(V) of 1:7. The pH value of 6 was selected to eliminate the effect of hydroxyl 

molecules on P release and to mimic the pH at which the Fe-P sludge was generated. 

After 24 hours of extraction, the solution was filtered through 0.45 μm cellulose nitrate 

membrane syringe filters (Whatman, pore size 0.45 µm, diameter 47mm) and the concentrations 

of P, Fe, and As in solution were determined by ICP-OES (see section 3.3.5). 

3.3.4 HFOs preparation and surface area determination 

Samples of HFO were prepared following the forced hydrolysis method (Zelmanov and 

Semiat, 2008) by dissolving 1.3 g of FeCl3.6H2O into 1 liter synthetic wastewater at 22±1 ℃ and 

ambient pH 2. A 1.0 M NaOH solution was gradually added to adjust the pH to the range of 6.0-

6.5 under vigorous magnetic stirring. The generated HFO suspension was then subjected to the 

same sampling and aging procedures employed for the Fe-P sludges. 

The surface area (SA) of the HFOs was determined using a fluorescein dye (C20H10Na2O5) 

adsorption method (Vafakish and Wilson, 2019) to avoid possible phase transformation of the 

HFOs particles that can occur in methods that involve drying of the solids. The adsorption tests 
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were performed at pH 6.5 which is in the pH range where HFOs have a positive surface charge 

(Kosmulski, 2020).  The pKa values for fluoresceine cationic, neutral, and anionic forms are 2.27, 

4.32, and 6.50 respectively (Pirillo et al., 2008) and hence the fluorescein existed in its anionic 

form in the tests to facilitate adsorption.  

Adsorption isotherms for fluorescein on fresh and aged HFOs were determined from a 

series of batch tests. A 4 mM fluorescein stock solution was prepared by dissolving 1.5 g 

fluorescein in 1 liter ultrapure water and diluted accordingly. A volume of 10 mL o f fluorescein 

solution (concentrations ranging from 0.4-4 mM) were added to a fixed mass of HFOs (10±0.5 mg 

dry weight) in a 50 mL centrifuge tube and placed on a shaker to equilibrate for two hours at 

22±1℃. The pH was adjusted to 6.5 using dilute solutions of NaOH or HCl as necessary. After 

two hours, the suspensions were filtered through 0.45 μm cellulose nitrate membrane filters and 

fluorescein filtrates were diluted. Their concentrations were determined spectrophotometrically 

(see section 2.5). The amount of adsorbed fluorescein Qeq (mM) in each sample was calculated 

using equation (3-1) where Co (mM) is fluorescein known initial concentration, Ceq (mM) is the 

measured fluorescein equilibrium concentration, V is volume (L) of fluorescein solution, and m is 

HFOs mass (g).  

𝑄𝑒𝑞 =
(𝐶𝑜−𝐶𝑒𝑞).𝑉

𝑚
                                                                                                                           (3-1)                                                                                                                                                                       

The maximum adsorption capacity Qm (mol/g) of fluorescein onto the HFOs was 

determined by fitting a Langmuir adsorption model using nonlinear regression analysis to the 

measured data (Hang and Brindley, 1970) (Fig. A1.1). Since fluorescein molecules aggregate at 

concentrations larger than 5 µM, a coverage factor (Fc) of  2 (Inel and Tumsek, 2000) was 

employed and the surface area was calculated using equation (3-2). 

𝑆𝐴 =
𝑄𝑚×𝑁×𝐴

𝐹𝑐
                                                                                                                              (3-2)   
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Where N is Avogadro’s number 6.022×1023 (molecule/mol), A is cross sectional surface area for 

one fluorescein molecule 7.31×10 -19 (m2/molecule) in a co-planner orientation (Vafakish and 

Wilson, 2019). 

3.3.5  Chemical analysis 

The solution pH was measured using pH analyzer (Orion Star™ A211, Thermo 

Scientific™, USA). Concentrations of total P and Fe were measured using Inductively Coupled 

Plasma Optical Emission Spectroscopy (ICP-OES) (PerkinElmer Optima 7300 DV, Waltham, 

MA, USA). Intensities were measured in axial mode at a wavelength of 213.6 nm for P and 238.2 

nm for Fe with the viewing height set to 15 mm above the induction coil; the flow rate of the 

sample pump was set to 2 mL/min, argon was used as the plasma and auxiliary gas, set to 15 and 

0.5 L/min, respectively. The concentration of fluorescein was determined at pH 6.5 by measuring 

the absorbance at a wavelength of 478 nm using a Duetta fluorescence and absorbance 

spectrometer (HORIBA Instruments Inc.). 

3.3.6  Modeling approach 

Equilibrium modeling was employed to obtain insights into the nature of the interactions 

between phosphorus and the other soluble/solid species in the various tests (Solon et al., 2019). In 

this study, the PHREEQC geochemical modeling software version 3.0 (US Geological Survey, 

2013) was utilized. It has the capability of simulating dissolution/precipitation equilibria and 

surface complexation reactions and also allows modifications of the thermodynamic databases 

(Parkhurst and Appelo, 2013).  

The PHREEQC default data base (PHREEQC.DAT) was selected for Fe-P solids 

simulations with some modification to the data file. For example, equilibrium reaction constant 

(Keq) values for PO4
-3

 protonation reactions and solubility products (Ksp) values for solids involved 
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in the system such as HFO and strengite (FePO4(s)), were determined from NIST (2001). These 

values were corrected for 0.02 M ionic strength using the extended Debye-Huckel equation (Morel 

and Hering, 1993) as the ionic strength of the wastewater was approximately 0.02 M. Moreover, 

some solid phases such as struvite are not included in PHREEQC data file. Table S4 shows the list 

of soluble species and solid phases, along with their logK values that were modified and/or added 

to PHREEQC database file. For simulations, the input data was based on experimental conditions 

including pH values, initial total concentrations for each element ( Fe, P, Ca, Mg, Na, Cl, and S), 

and log K values for soluble/solid species. An example of a PHREEQC simulation input file is 

provided in Table A1.5.  

3.4  Results and discussion 

3.4.1  The effect of pH on P and Fe release 

Batch tests were conducted under different pH values with freshly prepared Fe-P sludge to 

quantify the extent to which pH impacted P release. Figure 3.1 presents the release of P and Fe as 

a function of time when initial pH values of 2, 10, and 11 were employed. It should be noted that 

the pH values were not controlled through the tests, and pH was measured at each time point until 

the equilibrium was achieved. The indicated values of 2, 10 and 11 represent the target values. As 

shown in Fig.3.1a P release was highest at pH 11 (92±3%) and this was followed by pH 10 

(66±4%) while the lowest release was observed at pH 2 (23±1%). The final measured pH values  

at the end of 48 hours were 11, 9.2 and 2 respectively. The decrease in pH values with time for 

tests that had an initial pH of 10 possibly indicates the occurrence of dissolution and desorption 

processes in the system at intermediate pH values. 
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Figure 3.1 Percent release of (a) total phosphorus and (b) total iron from fresh Fe-P sludge as a 

function of time at initial pH values of 2, 10, and 11.  Final equilibrated pH values of 2.0, 9.2 and 

11.0. Error bars correspond to 95% confidence level.  

   

The phosphorus release rates were fast in the initial 2 hours for all pH values (Fig.  3.1). 

However, for pH 11 and pH 2 the pH was stable, and the equilibrium (steady-state) was reached 

after the initial 2 hours, with P release remaining constant during the reaction time for both pH 

values. For pH 10, the initial pH decreased to 9.2 and phosphorus release was stable after 24 hours 

and onward. These results indicate a fast transformation of Fe-P sludge structure to other forms 

under pH 11 and 2. However, at pH 10 P desorption is likely through slower diffusion as hydroxide 

displace phosphate at oxygen sites on the HFO surface, and this results in slow P release until a 

plateau is reached, indicating equilibrium (Lu et al., 2016).  

In general, P release from sludge can occur via either solubilization of P containing solids 

or by desorption of HFO surface complexed phosphate. The high release of P at alkaline pH values 

is likely explained by the competition between the hydroxyl ions and phosphate ions bound to Fe 

atom on the surface of the hydrous ferric oxide (HFO), via ligand exchange mechanism (Nriagu, 

1984; Cornell and Schwertmann, 2003). For example, at pH 11 the concentration of OH
-
 is high 

enough to substantially replace P in the Fe-P sludge resulting in formation of ferric hydroxide 
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Fe(OH)3(s) and liberating P leading to a higher percent P release (Sano et.al., 2012) compared with 

pH 10 where the concentration of  OH
-
 is ten fold less in magnitude. Furthermore, the positive 

surface charge of HFO is decreased as pH increases leading to electrostatic repulsion between 

phosphate anions and the evolving negative surface charge resulting in increase of P desorption 

(Yoon et al., 2014). Similar trends of increasing P release from iron-phosphate co-precipitants as 

solution pH increased were reported by others (Sano et al., 2012; Lu et al., 2016).  

For experiments conducted at pH 2 solids transformation was observed as the color of the 

solids changed from orange to light yellow. The average content of total P and Fe present in the 

final solids were (81±3%) and (72±4%) respectively. Smith et al. (2008) reported possible strengite 

formation at acidic solutions below pH 5. Considering the high concentrations of total Fe (125±3 

mg/L) and P (44±2 mg/L) compared to other species in the system, strengite was expected to 

comprise the highest fraction of the solids. PHREEQC simulations revealed the saturation index 

(SI) of strengite had a value of 1.52 indicating that strengite formation was likely responsible for 

the low percent release of P at pH 2. 

Solubilization of HFO solids is not a likely mechanism for P release because P was released 

in substantially greater proportion than Fe. Fig. 3.1b shows the percent release of Fe versus time 

at acidic and basic pH values. In contrast to P release, the release of Fe was low;  ≤ 5% at pH 11 

and 10 and 25±3% at pH 2. The key factor for Fe release is the solubility of HFO which decreases 

as pH elevates and increases again at very high pH values (Cornell and Schwertmann, 2003). The 

low release of Fe is due to the different solid forms in which it can be present over the range of pH 

values. For pH 10 and 11 experiments, 98% of total Fe contained in the system was included the 

solids after 48 hours. This indicates that dissolution of HFO solids is very low and P in Fe-P sludge 

is replaced by OH
-
. At pH 2 HFO dissolves to release Fe and P to solution where a reaction to 
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form strengite is possible (Smith et al., 2008). In summary, Fe remains in the solid phase as 

Fe(OH)3(s) at alkaline pH and as strengite at low pH.  

To obtain a better understanding of how pH impacts P and Fe release from Fe-P sludge 

their release was monitored under controlled pH values. As illustrated in Fig.  3.2a at pH 6, 7, and 

8 the P release was low and did not exceed 10% while the solubilization of P was most sensitive 

between pH 8 and 10 where the P release at pH 9 (40±3%) was half that at pH 10. In contrast, the 

highest release was observed at pH values between 10 (90±2%) and 12 (99±5%). The low release 

below pH 8 is attributed to the equilibrium between soluble P and P bound to HFO. However, the 

results indicate an increase of P release as solution pH increased suggesting that the increased 

concentration of hydroxyl ions displaces phosphate ions (Wilfert et al., 2015).  

 

Figure 3.2 Release of (a) phosphorus and (b) iron from fresh Fe-P sludge after titration with 1.0 

M NaOH for 8 hours at pH 6, 7, 8, 9, 10, 11 and 12 with predicted % release based on  PHREEQC 

simulations. 

PHREEQC simulations were employed to assess how solution chemical equilibrium 

speciation and the surface complexation reactions involved in the system affect P and Fe release. 

Results for modeled Fe and P release are shown in Fig. 3.2. The modeled values for Fe release 

were very low and consistent with the experimental values (Fig. 3.2b). For P release, the 
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experimental values at pH 6, 10, 11 and 12 were in agreement with the model while for other pH 

values the model over predicts the P release. The higher model predicted release at pH values in 

the range from 7 to 9 was likely due to the absence of relationships to describe differential 

partitioning of phosphorus between the surface and core of the particles in PHREEQC. Hauduc et 

al. (2015) reported a conceptual model for Fe/HFO dynamics where phosphorus can exist on the 

surface of particles (exchangeable phosphorus) and can be occluded inside the particles during the 

initial co-precipitation step, where phosphorus is trapped inside the HFO particle as it grows.  In 

PHREEQC the total element concentrations are specified and the phosphorus binding sites are 

limited only to the final surfaces that form, and in this model such sites are not sufficient to remove 

phosphorus and much of the phosphate is predicted to be in solution. In reality, it seems that P 

trapped inside particles is not available for release at intermediate pH values. However, at higher 

pH values the hydroxide concentrations are high enough to drive phosphate release to solution.  

3.4.2  Effect of Fe/P molar ratio on P and Fe release 

In CPR plants the Fe/P molar ratio in generated Fe-P solids could vary due to the excess  

Fe dosage required to achieve the desired residual P concentration. Full-scale plant and laboratory 

data reported by Szabó et al. (2008) illustrated the reduction of residual P by increasing the molar 

ratio of Fe added to P removed. To understand the impact of Fe/P molar ratio on P release from 

Fe-P solids, batch tests were conducted at pH values 9 and 10 on freshly prepared Fe-P sludge that 

had an Fe/P molar ratio of 2.4 for comparison with the previously described experiments that had 

a Fe/P molar ratio around 1.5. However, the data presented in section 3.4.1 (Fig. 3.2a) revealed 

only a modest increase in P release when increasing pH from 10 to 11. Hence, it was concluded 

that the additional chemical requirements needed to achieve pH 11 would not justify the modest 

increment in P release. Therefore, pH 11 was not tested in the experiments that focused on the 
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impact of Fe/P ratio. As shown in Fig. 3.3a, for a Fe/P molar ratio of 1.5 the P release  at basic pH 

values of 9 and 10 was higher than that from the solids created with molar ratio of 2.4. P release 

is decreased as Fe/P molar ratio increased in Fe-P solids. For higher iron dosages, the excess iron 

is precipitated as HFO a long with Fe-P solids (Ping et al., 2022). Therefore, it appears that a 

greater fraction of P was occluded in the core of the HFO particles (assuming particles are the 

same size for both dosages) and buried in excess HFO; thus, at higher Fe/P molar ratios less 

phosphate was available on the surface for exchange with the solution as the pH increased. From 

a practical perspective, adding an excess of Fe would be beneficial in increasing the removal 

efficiency of P from wastewater, but this would reduce the potential for P release and recovery 

from the resultant sludge. 

 

Figure 3.3  (a) Effects of Fe/P molar ratio on P release from fresh Fe-P sludge (b) effects of 0.1 

M NaCl with Cl/P molar ratio of 70 and pH of 7 on P release from fresh Fe-P sludge.  

 

3.4.3 Effect of NaCl on P and Fe release 

 Different inorganic anions have been reported to adsorb and compete for sites on a 

positively charged HFO surface (Dzombak and Morel, 1990; Afridi et al., 2019). Chloride ion was 

selected in this study as it is a common ion that is readily available, cost effective, and unlikely to 

be influenced by other reactions such as precipitation with other cations that were present in the 
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synthetic wastewater matrix. The effect of chloride (Cl
-
) on P and Fe release from freshly prepared 

Fe-P solids was investigated under neutral pH and with a Cl/P molar ratio of 70. As shown in        

Fig. 3.3b very low release of P < 2.5% and almost no release for Fe were observed. Similar to 

phosphate, chloride can adsorb on metal-(hydr)oxide surface and form complexes via ligand 

exchange mechanism by exchanging with H2O or/and OH
-
 molecules depending on solution pH 

(Acelas and Flórez, 2018). However, the negligible P release by competition with the Cl
-
 anion, 

even at a high chloride molar dosage, was attributed to the relatively weak chloride binding at the 

surface adsorption sites on HFO (Afridi et al., 2019). Therefore, the effect of Cl
-
 on P release is 

considered to be negligible and reflects that chloride complexes are weaker than phosphate 

complexes. 

3.4.4  Influence of solids age on P and Fe release after pH adjustment 

The influence of sludge age on pH induced P and Fe release, in time frames that reflect the 

residence times of Fe-P sludge in CPR plants, was assessed under alkaline conditions where higher 

P release was observed for fresh Fe-P sludge (section 3.4.1). Aging of HFOs has been reported to 

facilitates a transition from an amorphous to a more crystalline structure and can influence surface 

area and adsorptive capacity (Smith et al., 2008; Hauduc et al., 2015; Li et al., 2020). It was 

anticipated that these structural changes could affect P release. Batch tests were carried out to 

measure the release of P from aged (1, 5, 9, and 11 days) Fe-P solids (Fe/P molar ratio 1.5) after 8 

hours reaction under controlled extraction pH values of 9 and 10 (sludge was aged at their ambient 

pH prior to treatment to release phosphorus). Table A1.6 summarizes the results for P release from 

the Fe-P sludge for different residence times at pH 9 and 10. Fig. 3.4 illustrates the same P release 

data (as Table A1.7) normalized to day 1 measured values. Normalization was performed to 

compare trends with other measurements that were conducted on the same samples (surface area, 
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As extractable P, see below). There was substantial P release at pH 10 for solids ages of 1 day and 

5 days (0.96±0.02) and lower P release for solids ages of 9 (0.59±0.04) and 11 (0.63±0.06) days. 

The P release for solids ages of 1 and 5 days and for 9 and 11 days were not significantly different 

(p < 0.001 and p =0.04 respectively). The trend in P release with solids age was also observed at 

pH 9 however the magnitude of the P release values was lower than pH 10. The results consistently 

demonstrated that solids aging reduces alkaline pH-induced P release from Fe-P sludge.  

 

Figure 3.4 Normalized data for P release under pH 9, pH 10, and arsenic extraction, combined 

with surface area of HFO under different aging times. 

 

Fig. 3.5 shows for the impact of sludge age on Fe release. For all sludge ages, Fe release 

was low (<5%) at pH 9 and 10. This indicates that solids age has no effect on Fe release from Fe-

P sludge, and that P release is not due to solubilization of Fe-P solids but rather selective 

partitioning of phosphorus alone from the solid sludge to the aqueous phase. 

The reduction in P release at alkaline pH for aged sludge, could be explained as the initial 

fresh HFO has a less dense amorphous structure with high surface area. This open structure allows 
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phosphate ions to initially be removed from solution by diffusion into the active sites where iron 

and phosphorus can share an oxygen atom in an Fe-O-P binding arrangement (Dzombak and 

Morel, 1990; Smith et al., 2008). Similarly at higher pH, the diffusion of hydroxyl ions from bulk 

solution can occur into the same active sites and exchange with phosphate ions and release P into 

solution, as was observed for fresh Fe-P sludge at pH 9 and 10. As the solids age the HFO structure 

becomes more compact and transforms from amorphous to more crystalline (e.g., goethite, and 

hematite, or even what Hudauc et al. (2015) call “old” HFO). This results in a reduction in surface 

area and phosphorus would be occluded (trapped) inside the particle.  As the solids age, the surface 

bound P may be incorporated into the bulk structure of HFO and removed from the exchangeable 

surface. (Smith et al., 2008, Bligh et al., 2017). With reference to Hauduc’s model it is 

hypothesized that during the slow process of HFO crystallization, the external or exchangeable P 

(P adsorbed to HFO surface) is being internalized into HFO bulk structure which gets more 

organized and compact with aging, causing reduction in the amount of surface exchangeable P. 

However, to test this hypothesis exchangeable P should be quantified by independent measures. 

Here we look at arsenate extractable surface-bound phosphate, and also surface area as the HFO 

particles age. XRD analysis to characterize structural transformations of the aged Fe -P sludge 

samples was attempted but was unsuccessful as all samples were amorphous and did not show 

crystalline phases, although this was not unexpected as HFO does not have sufficient long-range 

order to be detectable by XRD analysis.  
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Figure 3.5  Fe release (%) from Fe-P sludge at different aging times and controlled pH values of 

9 and 10. 

 

3.4.4.1 Competitive adsorption experiments 

To quantify the amount of exchangeable P in Fe-P sludges that were aged for 1, 5, 9, and 

11 days, batch desorption tests were conducted where an arsenate solution was added to wet Fe -P 

solids. To facilitate comparison with the previously described trends in phosphate release, the As 

extraction data was normalized by comparing results for different sludge ages to those of the sludge 

with an age of 1 day (Fig. 3.4). The trends in exchangeable P were consistent with the trends in 

alkaline-induced P release. Surface-bound P was highest with a sludge age of 1 day and decreased 

to essentially a constant value for sludge ages of 5 days and older as the values for days 5, 9, and 

11 could not be differentiated due to overlapping 95% CIs. 

At pH 6 AsO4
3-

(and protonated forms) is the anion most capable to exchange with PO4
3-

 

(and protonated forms) on HFO surface as the competing effect of OH
-
 is minimal at this pH. 

Although it was expected based on PHREEQC modeling that 81% of P incorporated into HFO 

would be exchanged by As(V) for fresh Fe-P solids, the actual amount observed was 43% (Table 
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A1.7). This overprediction could be attributed to the fact that the PHREEQC considers all P as 

adsorbed onto the HFO surface and ignores the hypothesized internalized fraction which was not 

accessible to As(V).  

While the normalized data in Fig. 3.4 showed a similar trend in exchangeable P by As(V) 

extraction and alkaline-induced P release with aging of solids, quantitatively 30% more P was 

released at pH 10 than through As(V) addition for the 5 days aged solids. It is clear that at alkaline 

conditions the competing effect of high concentrations of OH
-  with phosphate for adsorption on 

HFO surface is higher and more thermodynamically favoured than  AsO4
3-

 exchange at pH 6. Thus, 

the As-extractable P represents a lower bound on the available surface phosphate, and more 

aggressive reagents at higher concentrations (OH
-
) are able to release more P from the surface, 

and layers adjacent to the surface. Moreover, solution pH could impact the electrostatic 

interactions between HFO flocculants and thus affect the amount of exchangeable P. For example, 

at pH 6, under which the As extractions were performed, the HFO flocs tend to be more adjoining 

in the absence of the electrostatic repulsive forces that arise due to developing of negative charge 

on their surfaces at pH 10. The typical zero point of charge for HFO is near 7 (Smith and Ferris, 

2003). The association of particles at the lower pH, at which As extraction was conducted, 

minimizes the available surface area of HFO flocs and reduce the availability of the surface bound 

P that would exchange with As(V) leading to less exchangeable P release compared to pH 10. 

Generally speaking, the decrease in the amount of surface exchangeable P for sludge aged 

greater than 5 days with either As(V) or OH
-  extraction implies P internalization during sludge 

aging and supports qualitatively the above mentioned hypothesis that phosphorus can partition to 

outer (available) and inner (unavailable) binding sites, and migrate from the outer-most sites to 

interior sites. Also, this decrease indicates transformations in HFO structure with age, towards  
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more dense particles, with a corresponding reduction in surface area and reactivity.  The 

subsequently described dye adsorption experiments were conducted to evaluate the hypothesis that 

HFO particles decrease in surface area as they age. 

3.4.4.2 Fluorescein adsorption tests  

Changes in HFO surface area during aging of Fe-P sludge was examined to obtain further 

insight into structural transformations in HFO particles. Although BET analysis is the 

acknowledged technique for determining surface area of iron oxides, it was not implemented in 

this study. It requires drying of HFO particles which could alter their nature and structural 

properties (Wei et al., 2017). To avoid the drying process, a liquid phase dye adsorption method 

was adopted (Hang and Brindley, 1970). In the literature, cationic methylene blue has been 

regularly reported for surface area determination of soil, natural solids, and minerals including 

clays, activated carbon, silica, and iron oxides (Cenens and Schoonheydt, 1988; Smith et al., 2008; 

Hegyesi et al., 2017). However, to be more consistent and to mimic the same conditions of 

electrostatic interactions between HFO and PO4
-3

 (and protonated forms), an anionic fluorescein 

dye was used in this study.  

Batch adsorption tests using different concentrations of fluorescein dye and specific mass 

(10±0.5 mg dry weight) of HFO were conducted at pH 6 on HFO samples that were aged to 0, 5, 

9, and 11 days. The surface areas, normalized to the sludge samples with an age of 1 day, are 

illustrated in Fig. 3.4 (actual values are summarized at Table A1.8). For sludge ages less than 5 

days no substantial change in HFO surface area was observed as the measured values had 

overlapping 95% CIs. However, an obvious decrease in the surface area was observed for the 

elevated sludge ages of 9 and 11 days. These results suggest a transformation in HFO structure 

leading to a reduction in surface area, and likely a decrease in surface active sites with age, 
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consistent with the As-exchangeable P data and the decreased P release at alkaline pH. This 

observation qualitatively supports the hypothesis of surface bound P internalization during aging 

and also explains the decrease in exchangeable P release from aged  Fe-P sludge.       

3.4.5  Kinetic modeling 

Zero and first order kinetic models were evaluated with respect to their ability to describe 

the impact of sludge age on P release at pH 10, such empirical models could help in predicting and 

monitoring the behaviour of P release with aging time of the sludge. The diagnostic plot for zero 

order kinetics is the fraction of P released versus time (Fig. 3.6a) and for first order the natural 

logarithm of the total concentration of released P in solution is plotted versus aging time                

(Fig. 3.6b). The parameters for the two models are summarized in Table 3.1. It can be seen clearly 

from Fig. 3.6 that both models fit the kinetic data similarly. The values of the intercept and R2 for 

the two models are similar and could not be differentiated due to overlapping of standard errors. 

The fit by a zero-order model implies that the rate of P release with time does not depend on the 

initial concentration of total P. The zero order model provides a reasonable description of P release 

from aged sludge and is simpler than a first order model. It should be noted that the dependence 

of P release rate on initial concentration of P was not assessed. The use of a first order model might 

be considered in the future if data describing a greater range of initial P concentrations were to 

become available.  

Table 3.1 Zero and First order kinetic models parameters. 

Model Intercept Slope R2 

Zero order 1.00 ± 0.03 -0.042 ± 0.004 0.870 ± 0.068 

First order 0.029 ± 0.047 -0.057 ± 0.006 0.843 ± 0.104 
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Figure 3.6  Fit of zero order model (a) and first order model (b) for P release kinetic data at pH 10 

and initial P concentration of 1.420 mM at 22±1 oC. 

 

3.5 Conclusions and practical implications 

   Alkaline treatment of Fe-P sludge was effective in releasing P particularly at pH value of 

10 where the %P release was (90±2%). Fe:P molar ratio affects P release. As the molar ratio 

increased the P release decreased.  Thus, high doses of Fe to achieve low residual P could result 

in increased difficulty in recovering phosphorus. Chloride was not effective as a competing ion to 

release P from Fe-P sludge. Sludge aging decreases the release of phosphorus from Fe-P sludge 

significantly for sludge ages greater than 5 days. Therefore, solids residence time of Fe -P sludge 

should be minimized for the purpose of P recovery. When considered collectively, the data on P 

release from different solids ages, estimated surface-bound P (by As(V) exchange), and HFO 

surface areas supports the hypothesis of exchangeable P internalization during aging because of 

structural transformation of HFO. The reduction in P release by aging of sludges was most simply 

described by a zero-order kinetic model. Overall, the findings in this study provides insights into 

the chemistry of P release in the absence of interferences from other wastewater components 

(organic matter, bacteria).  Further work will be necessary to assess the role, if any, of these other 

wastewater components in modifying P release during recovery trials.  
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Chapter 4 - Phosphorus Release and Recovery by Reductive Dissolution of 

Chemically Precipitated Phosphorus from Simulated Wastewater 

 

 

4.1 Abstract 

Chemically mediated recovery of phosphorus (P) as vivianite from the sludges generated 

by chemical phosphorus removal (CPR) is a potential means of enhancing sustainability of 

wastewater treatment. This study marks an initial attempt to explore direct P release and recovery 

from lab synthetic Fe-P sludge via reductive dissolution using ascorbic acid (AA) under acidic 

conditions. The effects of AA/Fe molar ratio, age of Fe-P sludge and pH were examined to find 

the optimum conditions for Fe-P reductive solubilization and vivianite precipitation. The 

performance of the reductive, chelating, and acidic effects of AA toward Fe-P sludge were 

evaluated by comparison with  hydroxylamine (reducing agent), oxalic acid (chelating agent), and 

inorganic acids (pH effect) including HNO3, HCl, and H2SO4. Full solubilization of Fe-P sludge 
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and reduction of Fe
3+ 

were observed at pH values 3 and 4 for two Fe/AA molar ratios of 1:2 and 

1:4. Sludge age (up to 11 days) did not affect the reductive solubilization of Fe-P with AA addition. 

The reductive dissolution of Fe-P sludge with hydroxylamine was negligible, while both P 

(95±2%) and Fe
3+ 

(90±1%) were solubilized through non-reductive dissolution by oxalic acid 

treatment at an Fe/oxalic acid molar ratio 1:2 and a pH 3. With sludge treatment with inorganic 

acids at pH 3, P and Fe release was very low (<10%) compared to AA and oxalic acid treatment. 

After full solubilization of Fe-P sludge by AA treatment at pH 3 it was possible to recover the 

phosphorus and iron as vivianite by simple pH adjustment to pH 7; P and Fe recoveries of 88±2% 

and 90±1% respectively were achieved in this manner. XRD analysis, Fe/P molar ratio 

measurements, and magnetic attraction confirmed vivianite formation. PHREEQC modeling 

showed a reasonable agreement with the measured release of P and Fe from Fe-P sludge and 

vivianite formation. 

4.2 Introduction 

Municipal wastewater treatment plants (WWTPs) have the potential to be a renewable 

resource of phosphorus (P) (Peng et al., 2018a). Approximately 1.3 Mt P/year is removed  globally 

from wastewater streams using either chemical P removal (CPR) or enhanced biological P removal 

(EBPR) (Li et al., 2017). The increasing demand for P by the fertilizer industry has led to an 

interest in developing and integrating P recovery techniques with existing approaches that remove 

P from wastewater. This is consistent with the upgrading of WWTPs to function as wastewater 

resource recovery facilities (WRRFs) (Solon et al., 2019).  

At present, struvite (MgNH4PO4.6H2O) precipitation in EBPR plants is the most widely 

employed method for P recovery as fertilizer. It has been commercialised and operated at full scale 
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at a number of WRRFs around the world (WEF, 2011; Ye et al., 2017). In CPR plants, iron (Fe 

(III/II)) salts are often used to convert soluble P to solid phase iron -phosphate (Fe-P) 

complexes/minerals similar to those found in geochemical systems (i.e., strengite (FePO4.2H2O), 

Fe(III)-hydroxyphosphate (FexPO4(OH)3x-3), and Portho adsorbed to Fe(III) hydrolysis products 

such as hydrous ferric oxide (HFO) surfaces) that can then be separated into concentrated sludge 

streams (Szabó et al., 2008; Wilfert et al., 2015). However, Fe-P solids generated in wastewater 

more variable and influenced by anthropogenic factors that make them differ than geochemical 

Fe-P solids in composition, formation processes, and environmental conditions. The high stability 

and low mobility of iron in wastewater Fe-P sludges makes recovery of the P challenging (Wilfert 

et al., 2015). The high stability and low mobility of iron in Fe-P sludges makes recovery of the P 

challenging (Wilfert et al., 2015). Several studies had addressed P release and recovery from Fe-P 

rich sludge under alkaline (Sano et al., 2012; Chen et al., 2019; Alnimer et al., 2023) and acidic 

(Monea et al., 2020a; Chakraborty et al., 2020; Alnimer et al., 2023) conditions, by using 

complexing agents (i.e., tannic, citric, tartaric, and ethylenediaminetetraacetic acid (EDTA)) (Zou 

et al., 2017; Ping et al., 2020; Chen et al., 2022), and by sulfide reduction (Wilfert et al., 2020). In 

addition, the release of phosphorus from ferric sludges via redox manipulation has received 

attention recently (Wilfert et al., 2015; Prot et al., 2019; Wu. et al., 2021; Xu et al., 2023).  

In CPR plants, biological or chemical reductive dissolution of ferric phosphate sludge can 

take place under low oxidation reduction potentials (ORPs) and cause Fe bound P to be released 

(Wilfert et al., 2015; Wu et al., 2019). For instance, during anaerobic digestion (AD) Fe
3+ 

in Fe-P 

sludges is reduced to Fe
2+ 

biologically by dissimilatory iron-reducing bacteria (DIRB), and 

chemically by sulfides which are generated biologically by sulfate reducing bacteria or added as a 

chemical reducing agents (Wilfert et al., 2015, 2020). Typically, vivianite (Fe3(PO4)2.8H2O) has 
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been indicated to be the final form of Fe and P resulting from anerobic reductive dissolution of Fe-

P sludges  (Ghassemi and Recht, 1971; Fredrickson et al., 1998; Wilfert et al., 2016). Vivianite is 

a potential P recovery product that can be applied as slow-release fertilizer particularly for soils 

with Fe deficiency (Cabeza et al., 2011). 

At present, AD is the most common bio-reduction technique used to release Fe and P by 

stimulating reductive dissolution of Fe-P solids through the activity of DIRB (Wu et al., 2019, 

2020; Wu Y., et al., 2021). However, AD has drawbacks such as extended hydraulic residence 

times (i.e., up to 30 days) and varying digestive performance, which affect P release efficiency. 

Consequently, chemical reduction appears to be a possible more appealing alternative. However, 

earlier studies on P release from Fe-P rich sludge using chemical reducing agents were limited to 

sulfides (Kato et al., 2006; Likosova et al., 2013; Wilfert et al., 2020). Sulfides can mobilize P 

from Fe-P sludges by reducing Fe
3+ 

and forming iron sulfide (FeSn) precipitates (Nielsen et al., 

2005; Kato et al., 2006). Despite sulfides having been shown to provide effective and fast release 

of P from Fe-P sludges, applying this approach has constraints, including reduced sludge 

dewaterability, difficult separation of FeSn solids from sludge liquor, and low net release of P 

(Likosova et al., 2013; Wilfert et al., 2020). 

A potential chemical reducing agent is ascorbic acid (AA), also known as vitamin C. It 

shows high reactivity toward reactive oxygen species and redox active transition metals like Co
3+ 

, 

Cu
2+ 

, and Fe
3+ 

(Mahata et al., 2019; Njus et al., 2020). Effectively, AA can reduce species by 

donating two protons and two electrons, but normally donates only one electron at a time (Njus et 

al., 2020) and can form metal chelates in the pH range 2.0-12.5 (Shen et al., 2021). Of particular 

relevance in wastewater, especially for plants using iron salt additions, AA is recognised to be 
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effective in reducing Fe
3+ 

in iron oxyhydroxides to the more soluble Fe(II) form (Conrad & 

Schade, 1968; Martinez and Uribe, 1982; Hsieh and Hsieh, 1997, 2000; Shen et al., 2021).  

Although the interaction between AA and Fe
3+ 

has been widely studied in terms of kinetics, 

complexation, and pH effects in different systems, studies on using AA for releasing P from Fe-P 

sludge are limited. Xu et al, (2023) recently reported a P recovery as vivianite upon release of 

67.1% of total P contained in waste activated sludge using AA and pH adjustment. In principle it 

should be possible to utilize the iron reducing activity of AA at acidic pH as a novel route for P 

(and iron) recovery, potentially as vivianite, from Fe-P rich sludge. 

This study investigates, for the first time, the potential of direct P release and recovery from lab  

synthetic Fe-P by reductive dissolution using AA. The use of lab synthetic sludge would provide 

better experimental control and safety, enhance the repeatability of the experiment, and avoid 

influence of interferences (organics and microorganisms) present in real wastewater sludge 

matrices. Ascorbic acid is an effective and environmentally friendly reducing agent that triggers a 

chemical reduction of Fe
3+ 

to Fe
2+ 

. Batch tests were conducted under reducing conditions to 

initialize reductive dissolution of Fe-P sludge by dosing AA under acidic pH. The effects of AA/Fe 

molar ratio, age of Fe-P sludge and pH were examined to find the optimum conditions for Fe-P 

solubilization. Then after solubilization of Fe-P sludge both soluble Fe and P were recovered as 

vivianite by increasing the pH of the solution to 7. AA can act as both reductant and chelating 

agent. Hence, to assess its reductive and chelating effects, tests using hydroxylamine (NH3OH+, 

reducing agent) and oxalic acid (C2H2O4, chelating agent), as reference compounds, were 

performed at the same conditions for comparison. Moreover, to differentiate pH effects from redox 

and chelating effects, the use of inorganic acids including HNO3, HCl, and H2SO4 was evaluated. 

Finally, modeling with the PHREEQC geochemical model was carried out to simu late Fe-P 
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solubilization and vivianite formation to help interpret and predict experimental data. The results 

of this study will help to set the basis for a potential new approach for P recovery as vivianite from 

raw and activated Fe-P sludge in CPR plants. 

4.3  Methodology 

4.3.1 Synthesis of Iron-phosphate (Fe-P) sludge 

All chemicals used in experiments were reagent grade or better.  All glassware were acid 

washed. All solutions were prepared using ultrapure water (Millipore, 18.2 MΩ.cm resistance) that 

was purged with nitrogen gas for 15 minutes, to eliminate dissolved oxygen . A synthetic 

wastewater was prepared according to the recipe by Jung et al. (2005) with adjustments to simulate 

only the inorganic composition (MgSO4, CaCl2, NaHCO3 and Na3PO4 see Table A2.1) of 

secondary-treated wastewater. The iron-phosphate sludge used in this study was prepared with a 

molar Fe/P ratio of 1.5 according to the synthesis method previously reported (Alnimer et al. 2023). 

Briefly, a solution of FeCl3.6H2O (2.4 mM Fe) was added to 1 L of synthetic wastewater containing 

Na3PO4 (1.6 mM P) under fast mixing using magnetic bar for 15 min until the pH of the solution 

reached 6.35±0.2. The resulting Fe-P solids were separated from solution by centrifuging at 4500 

RCF for 30 minutes and washed with ultrapure water. For experiments investigating the effect of 

Fe-P sludge age on reductive dissolution the sludge solids were aged in 1 L glass beakers that were 

kept in dark at 22±1℃ at ambient pH (6.35-7.35) for periods of 5 and 11 days. 

4.3.2 Batch reactions 

4.3.2.1 Dissolution of Fe-P sludge  

The effects of ascorbic acid, hydroxylamine, oxalic acid and inorganic acid treatment on 

dissolution of Fe-P sludge were carried out in batch experiments that were performed under oxic 
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and anoxic conditions at 22±1 ℃. All tests were conducted in 150 mL 3 necked round bottom 

flasks covered with the rubber septum into which dewatered Fe-P sludge (wet Fe-P solids 

equivalent to approximately 44 mg when dried) had been mixed with 100 mL of the synthetic 

wastewater. Ascorbic acid and hydroxylamine tests were conducted inside an anaerobic chamber 

(built in-house) with argon flushing. All Fe-P sludge suspensions were deoxygenated by nitrogen 

purging for 15 minutes prior to chemical reagent addition.  

The reductive dissolution of Fe-P sludge by ascorbic acid treatment was investigated under 

fixed pH values of 3 and 4 for two different Fe/AA molar ratios of 1:2 and  1:4. These conditions 

were selected to ensure that complete dissolution of Fe-P sludge would occur and AA will 

maintained in its protonated form (Fig S1) although the reaction stoichiometry shows 1 mole of 

ascorbic acid (H2A) is required to reduce 2 moles of Fe
3+ 

to produce Fe
2+ 

and dehydroascorbic 

acid (D) as in Eq (1) (Hsieh and Hsieh, 1997; Tu et al, 2017):  

H2A  +  2Fe
3+

  →  D  +  2Fe
2+

  +   2H
+
                                                                                      (4-1) 

Moreover, metal solubility is enhanced under acidic conditions (Cornell and Schwertmann, 2003). 

Therefore, the pH was fixed at 3 and 4 during AA treatment to maintain Fe
2+ 

in the soluble phase 

and enhance P release.   

Freshly prepared solutions containing either 4.48 mM or 8.96 mM of ascorbic acid were 

added to the Fe-P sludge suspensions and stirred for 2 hours. The pH of the mixtures was kept 

constant by manual titration with HCl (1.0 M) and redox potentials were monitored during the test  

using ORP electrode which was immersed in the reaction solution. Samples were collected at 

regular time intervals and filtered through 0.45 μm cellulose nitrate filter membranes for analysis. 

The filtrates were collected in glass vials to which 0.1 mL of 0.5 M HCl had been added to quench 
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the autooxidation of Fe
3+ 

(Deng, 1997) before analysis for total soluble phosphorus (TP), total 

soluble iron (TFe) and total soluble Fe
3+ 

. Each batch experiment was run in duplicate. 

Experiments assessing the impact of hydroxylamine and oxalic acid (Ox) treatment on Fe-

P sludge dissolution were similarly conducted at pH 3 and a molar ratio of 1:2 for Fe/HA (anoxic 

conditions) and Fe/Ox (oxic conditions), using freshly prepared 4.48 mM solutions of both 

reagents at 22±1℃ for 2 hours reaction time. For inorganic acid experiments, the pH of the reaction 

solution was adjusted at 3. However, as pH drifts were observed it was fixed at 3 by manual 

titration with (1.0 M) solutions of either H2SO4, HNO3, or HCl under oxic conditions for 8 h 

reaction time. P and Fe release were calculated using equation (4-2):  

 %R release =
𝑅𝑒

Ro
 ×100                                                                                                                (4-2) 

where (Ro) and (Re) represent the total measured concentrations (mg/L) of Fe or P in solid and 

liquid phases respectively.  

4.3.3 Vivianite formation 

Vivianite precipitation tests were performed in batches following the ascorbic acid and 

hydroxylamine treatments inside an anaerobic chamber with argon flushing at room temperature. 

The pH of the reaction solution was adjusted to 7 by adding NaOH (1.0 M) and the corresponding 

ORP value was measured (-352±5 mV/Ag/AgCl). After 30 minutes of  rapid mixing (600 RPM) 

the suspension was filtered using 0.45 µm cellulose nitrate membrane filters (Whatman, pore size 

0.45 µm, diameter 47mm). Concentrations of TP, TFe, and Fe+2 were measured in the filtrate and 

the solids were collected and vacuum-dried for 24 hours to avoid oxidation of Fe
2+ 

and kept in a 

sealed glass vials placed inside the anaerobic glove box for further characterization by XRD. For 
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comparison, a pure vivianite sample was synthesized in the lab from 0.2 M K2HPO4⋅3H2O and 0.3 

M FeCl2⋅4H2O solution at pH 7 to obtain pure vivianite crystals (Procedure available in A2).   

4.3.4 Vivianite characterization and quantification 

4.3.4.1  XRD analysis  

XRD analysis of the dried vivianite solids was determined under normal oxic conditions. 

The sample was added to a 0.7 mm glass capillary and tamped to settle solids. Just before 

measurement the capillaries were sealed with a burner and mounted in a sample holder. XRD 

analysis was conducted with a Bruker D8 Discover equipped with a Davinci design diffractometer 

employing Co-Ka radiation (15-110° 2θ, step size 0.01°). The XRD-pattern fitting was identified 

using Diffrac.Eva software.  

4.3.4.2  Fe/P molar ratio  

The Fe/P molar ratio in the generated vivianite solids was determined by acid digestion. A 

fresh sample of vivianite solids (30 mg wet weight) was transferred to a 50 mL tube and mixed 

with 20 mL of 10% HNO3 solution. After solubilization the concentrations of P and Fe in the 

digested solution were measured by ICP-OES (see section 4.3.5) and the Fe/P molar ratio was 

calculated. 

4.3.4.3  Magnetic attraction 

Vivianite is a paramagnetic mineral with a magnetic susceptibility varying from 0.8 to 

1.7×10−6 m3/kg (Minyuk et al., 2013). The magnetic property of the dried vivianite solids was 

examined using a normal permanent magnet to test if the recovered solids were attracted to the 

magnet.  
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4.3.5  Chemical analysis 

pH and ORP values were measured with a digital benchtop meter (Orion Star A211, 

Thermo Scientific, USA). Inductively Coupled Plasma Optical Emission Spectroscopy (ICP-OES) 

(PerkinElmer Optima 7300 DV, Waltham, MA, USA) was used to measure concentrations of TP 

and TFe. A modified version of the ferrozine method (Stookey, 1970) as reported by Viollier et 

al., (2000) was used to analyse soluble Fe2+. Prior to analysis, 2 mL of each sample was filtered in 

an anaerobic chamber and fixed with 0.1 mL of (0.5 M) HCl. A stock solution of ferrozine was 

prepared by dissolving 0.25 g of  3‐(2‐pyridyl)‐5,6‐diphenyl‐1,2,4‐triazine‐ 4',4''- disulfonic acid, 

monosodium salt hydrate (Alfa Aesar) in 250 ml of 50 mM HEPES buffer solution at pH 7.0. A 

volume of 50 µL of sample was then added to 2.45 ml of ferrozine solution in a cuvette and the 

absorbance of the developed pink complex was measured immediately at 562 nm with a Duetta 

fluorescence and absorbance spectrometer (HORIBA Instruments Inc.).  For soluble Fe3+ fraction 

determination, 0.2 mL of 6.25 M hydroxylamine hydrochloride was added to a filtered sample and 

digested with agitation for one hour to reduce Fe3+ to Fe2+. The ferrozine procedure was then 

followed and the concentration of Fe3+ was calculated by taking the difference between the 2 

measurements. 

4.3.6 Modeling approach 

Ion speciation and dissolution/precipitation reactions of the various solutions were  

modelled under equilibrium conditions using PHREEQC version 3.0 (US Geological Survey, 

2013). The PHREEQC default data base (PHREEQC.DAT) was selected for the Fe-P solids, Fe-

ascorbate, and Fe-oxalate complex simulations with some modification to the data file. The 

equilibrium reaction constants (Keq) values for PO4
3-

 protonation reactions and the solubility 

products (Ksp) values for solids such as hydrous ferric oxide (HFO) a solid formed via hydrolysis 
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of added ferric cations during CPR (Smith et al, 2008), and strengite, were obtained from NIST 

(2001). Moreover, struvite, ferrous oxalate (FeC2O4(s)), magnesium oxalate (MgC2O4(s)), and 

calcium oxalate (CaC2O4(s)) and soluble species of ascorbate and oxalate were added to the 

PHREEQC data file. Table A2.2 shows the list of soluble species and solid phases, along with 

their logK values that were modified and/or added to PHREEQC database file. For simulations, 

the input data was based on experimental conditions including pH values, initial total 

concentrations for each element (Fe, P, Ca, Mg, Na, Cl, and S) and organic ligands (ascorbate and 

oxalate) and logK values for soluble/solid species. An example of a PHREEQC simulation input 

file is provided in Table A2.3.  

4.4  Results and discussion 

4.4.1  Reductive dissolution of Fe-P sludge by ascorbic acid 

Batch tests were conducted under anaerobic conditions at fixed pH values of 3 and 4 for 

two different Fe/AA molar ratios of 1:2 and 1:4 with freshly prepared Fe-P sludge to quantify the 

impact of ascorbic acid treatment on Fe3+ reduction and P release. Figure 4.1 displays plots of the 

fractions of solid Fe3+, soluble Fe2+, and TP as a function of time in the presence of ascorbic acid 

at pH 3 for Fe/AA molar ratios 1:2 and 1:4. Upon addition of ascorbic acid, the solution ORP value 

dropped from +374±5 mV to +38±5 and +35±5 mV/Ag/AgCl respectively. Fig. 4.1 shows a 

progressive increase in the fractions of soluble Fe2+ (Fig. 4.1a) and soluble TP (Fig. 4.1b) that 

approached unity within the 120 minutes of reaction. This occurred in parallel with the decay in 

the fractions of Fe3+ in the Fe-P solids (Fig. 4.1a) for all experiments. Despite differences in the 

rates of increase of Fe2+ and TP and Fe3+ decay with the different ascorbic acid doses, steady state 

releases of 97±1% and 98±1% were consistently attained after 60 minutes for TP and Fe2+ 

respectively indicating complete solubilization of the Fe-P sludge. Tests conducted at pH 4 for the 
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same Fe/AA molar ratios showed similar results as pH 3 (Fig A2.1). This suggests that a pH 4 and 

a molar dose of 1:2 (Fe/AA) are effective for complete solubilization of Fe-P sludge, and 

associated release of phosphate and iron. Moreover, from a practical perspective, adjusting to 

lower pH values will give the same impact on Fe-P sludge dissolution but use more resources.  

Dissolution of HFO solids due to Fe3+ reduction by AA is apparently the mechanism 

responsible for P release from Fe-P sludge. The similarity in concentrations of soluble TFe that 

were measured during the tests and soluble Fe2+ (Fig A2.2) associated with the absence of Fe3+ 

ions in solution suggests complete reduction of Fe3+ to the more soluble Fe2+ form and leading to 

full P release from the Fe-P sludge. The mechanism for reductive dissolution of iron(III) oxides 

by ascorbic acid under acidic and anoxic conditions has been previously reported (Banwart et al., 

1989; Suter et.al, 1991; Panies et al., 1995; Deng, 1997; Hsiesh and Hsieh, 2000; Debanth et al., 

2010). The key steps include chemisorptive interactions between the iron(III) oxide surface and 

ascorbate anion (HA
-
) yielding inner-sphere ascorbate-iron(III) surface complexes [≡ Fe

III
HA] 

that in turn become reactive sites for electron transfer and result in formation and release of Fe2+ 

and dehydroascorbic acid (zero charge) to the solution and thus full dissolution of iron(III) oxide. 

 

Figure. 4.1. Fractions of (a) iron(III) and iron (II), (b) total phosphorus versus time for treatment 
of fresh Fe-P sludge with ascorbic acid at Fe/AA molar ratios of 1:2 and 1:4 at pH 3. Error bars  
correspond to 95% confidence level. 
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 In addition to being a reducing agent, AA has been found to act as a complexing agent for 

Fe2+ under anaerobic conditions and at pH values ranging between 1 and 5.5.  The complexation 

results in formation of a stable cationic complex [Fe(II)-HA]+(Kβ=10.2×10
-3 or logK=1.99) 

(Wersin,1990) that has a violet color at  pH values greater than 4 and is colorless at lower pH 

values (Plug et. al., 1984; Conrad and Schade, 1968). In the current system there was excess AA 

compared to iron and at the pH values used (pH 3 and 4), some of the excess AA was expected to 

be singly protonated. As indicated in Figure A2.3 approximately 50% of AA would be present as 

HA
-
 at pH 4 and 10% at pH 3 which would be available to chelate Fe2+ and form 

the [Fe(II)-HA]+ complex. This was consistent with the light violet color that was observed in the 

first 30 minutes of the reaction at pH 4 and likely contributed to the full dissolution of Fe-P sludge 

and stabilization of soluble Fe2+.   

Although the formation of the ferrous ascorbate complex [Fe(II)-HA]+ was expected, 

experimental measurements were not available to confirm this mechanism. Hence, PHREEQC 

simulations were employed to investigate the aqueous and solid phase speciation of TP, TFe, and 

complexes of Fe2+ and AA in the reaction solution at equilibrium after AA treatment at pH 3.  

Table 4.1 illustrates modeling results for Fe and P speciation. As shown in Table 4.1, the predicted 

values of TFe and TP release were in agreement with the experimental values. The simulations 

also demonstrated (Table 1) that three quarters of the total soluble Fe in the system is expected to 

exist as free Fe2+ while almost one quarter exists as FeH2PO4
+
. The low predicted formation of  

ferrous ascorbate complex [Fe(II)-HA]+ (1%) at pH 3 and (7%) at pH 4 (Table A2.4) was 

consistent with the low persistence of the light violet color. Moreover, some uncertainty might be 
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associated with the limited availability of thermodynamic data for ferrous ascorbate complexes 

used in the PHREEQC modelling.  

Table 4.1. Fe and P species after AA treatment at pH 3: Observed vs model predictions 

 %TP %TFe3+ %TFe2+ %Free [Fe2+] %FeH2PO4
+∗  

 %[Fe(II)-HA]+∗ 

Modeled 100 3 97 75 22 1 

Experimental 97±1 2±1 98±1 --- --- --- 

* Percent of Fe2+ in the form of a complex 

Fe-P sludge in CPR plants can typically have ages as long as 12 d (Metcalf and Eddy, 

2014). Therefore, the behaviour of P and Fe release from Fe-P sludges of different age under AA 

treatment was examined. It has been documented that HFOs undergo structural transformations 

with time, that can decrease their accessible reactive surfaces and affect their surface area and 

adsorptive capacity (Smith et al., 2008; Bligh and Waite, 2011; Hauduc et al., 2015). Further, aging 

of Fe-P solids has been reported to result in reduced P release upon alkaline treatment at pH 10 

(Alnimer et al., 2023). As adsorption of ascorbate anion on HFO surface is the key step in reductive 

dissolution of Fe-P sludge by AA, it was expected that sludge age could affect (slow down) the 

adsorption process and thus P and Fe release. Figure 4.2 displays the percent release of TP, TFe, 

and Fe2+ from fresh, 5 and 11 day old Fe-P sludge when a Fe/AA molar ratio of 1:2 was employed 

at pH 3. Figure 4.2 shows releases of greater than 93% for TP, TFe, and Fe+2 for all sludge ages 

and pH values. These results indicate the negligible effect of sludge age on reductive dissolution 

of Fe-P solids by AA with the 1:2 Fe/AA molar dose. Practically, these results suggests that 

reductive dissolution by AA treatment gives a broad timespan for this treatment to be applied and 

could be a better approach for releasing P from chemical sludge than pH adjustment which has 

been shown to be impacted negatively by solids age (Alnimer et al., 2023). 
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Figure. 4.2. Release of TP, TFe, and Fe2+ from Fe-P solids under different solids age after 

treatment with ascorbic acid at Fe/AA molar ratio of 1:2 at pH 3.  
 

In principle, AA can solubilize HFO through a reductive reaction or a complexation 

reaction, or both. To provide a point of reference to the reductive performance of AA, tests were 

conducted with hydroxylamine as a “pure’’ reductant in that complexation of  iron by 

hydroxylamine is expected to be negligible. Hydroxylamine is a common reducing agent used to 

reduce Fe
3+

 to Fe
2+

 in the analysis of aqueous solutions (Standard methods, 2005). The potential 

for reductive dissolution of Fe
3+

 to release P from freshly prepared Fe-P sludge with 

hydroxylamine was investigated at pH 3 and an Fe/hydroxylamine molar ratio of 1:2. The results 

(Table A2.5) showed negligible solubilization of the Fe-P sludge with (3.4±0.2%) and (1±0.1%) 

of the TP and TFe respectively released indicating no reductive dissolution effect of 

hydroxylamine on Fe-P sludge.  

Previous studies have shown that both AA and hydroxylamine have similar efficiency (up 

to 97% match in their performance) in reducing soluble Fe
3+ 

to Fe
2+ 

ions in bulk solution at pH 

values between 1 and 4 at 25 ℃ (Elmagirbi et al., 2012). However, for solid phases particularly 
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crystalline iron(III) oxides and iron phosphate minerals, the iron(III) reducing activity of 

hydroxylamine is decreased. For example, Lovely and Phillips, (1987) reported that 

hydroxylamine was able to reduce  Fe
3+

 in amorphous Fe(III) oxyhydroxides but not 

in Fe2O3, Fe3O4 and strengite (FePO4.2H2O) mineral phases. In fact, hydroxylamine can act as 

oxidant toward fairly strong reducing species like Fe
2+ 

(Holleman & Wiber, 2001) and thus 

suppress reductive dissolution of solid iron(III) oxide. Such oxidation was also demonstrated in a 

study carried out by Madsen (2014) that demonstrated that hydroxylamine acted as a strong 

oxidant in the presence of growing iron-phosphate crystals, and was ineffective in reducing 

Fe
3+ 

to Fe
2+ 

in strengite. Therefore, hydroxylamine seems to not be an effective reductant for 

Fe
3+ 

associated with Fe-P sludge solids compared to ascorbic acid. 

4.4.2  Non-reductive dissolution of Fe-P sludge by oxalic acid  

The previously described results indicate that complexation with AA is likely one of the 

mechanisms responsible for Fe-P sludge dissolution. For comparison, oxalic acid was selected as 

a complexing agent that is not redox active towards  Fe
3+

. Oxalic acid is a relatively strong diprotic 

organic acid (pKa1 =1.25, pKa2 = 4.28) found to be highly effective for dissolving iron oxides and 

chelating Fe in solution (Veglio et al 1998; Lee et al., 2007; Liang et al., 2019). Fig. 4.3 compares 

the release of TP and TFe from freshly prepared Fe-P sludge after oxalic acid treatment with an 

Fe/Ox molar ratio of 1:2 at pH 3 to that achieved with AA. It can be seen that the dissolutions of 

TP (95±2%) and TFe (90±1%) were only slightly less than that obtained with AA (Table A2.5).  
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Figure. 4.3. Release of TP and TFe from fresh Fe-P sludge after treatment with ascorbic acid, 

oxalic acid, inorganic acids (H2SO4, HNO3, and HCl), and hydroxylamine at pH 3. 
 

  

The non-reductive dissolution mechanism of Fe-P sludge by oxalic acid involves 

adsorption of the oxalate species onto the HFO surface through surface complexation reactions 

which are followed by the  desorption process (Panias et al., 1996). The form of adsorbed oxalate 

species and type of formed surface complex is pH dependent. For example, according to the 

distribution diagram of oxalate species (Fig. A2.4), HC2O4
-
 is the predominant species at pH 3 and 

is most likely adsorbed onto the HFO surface forming a mononuclear monodentate [≡Fe III - 

HC2O4] surface complex. The dissolution takes place when the adsorbed surface ferric-oxalate 

complex ions are desorbed from HFO surface and transfer to the acidic solution as stable soluble 

Fe(III)-oxalate complexes (Panias et al., 1996).  

To explore the speciation of  Fe
3+

 and oxalic acid and obtain insight to the potentially 

formed Fe(III)-oxalate complexes, PHREEQC simulations were performed at pH 3. Table 4.2 

summarizes the modeling results along with the experimental data for comparison. The modeled 

values for TFe and TP release (Table 4.2) were in agreement with the experimental values. 
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Moreover, the simulations (Table 4.2) showed that  Fe
3+

 was primarily present in the form of 

Fe(III)-oxalate complexes which represented 99.7% of the Fe and hence free  Fe
3+

was less than 

1% of the total TFe released from the Fe-P solids.  

Table 4.2. PHREEQC simulations for Fe and P species after oxalic acid treatment at pH 3 

 %TP %TFe3+ %Fe(Ox)
3
3-*

 %Fe(Ox)
2
-*

 %Fe(HOx)
2+*

 %Fe(Ox)
+*

 

Modeled 97.5 100 25 34.4 38 2.3 

Experimental 95±2 90±1 --- --- --- --- 

* Percent of Fe3+ in the form of a complex 

The observed and simulated results were consistent with the strong complexation reaction 

between  Fe
3+

and oxalic acid which resulted in formation of soluble mononuclear 

mono/bi/tridentate complexes. Further, the complexing effect of oxalic acid enhances P release 

from Fe-P solids by stabilizing soluble  Fe
3+

 in solution via formation of the complexes (Table 4.2) 

which suppress regeneration of Fe-P solids (i.e., strengite at pH 3). 

Oxalic acid and AA showed similar effects on solubilizing Fe-P sludge regardless of the 

dissolution mechanism that took place. Oxalic acid exhibited a stronger complexing effect toward 

 Fe
3+

 in solution than AA toward  Fe
2+

 whereas AA resulted in the predominant form of iron being 

the reduced cation; the measured value for  %Fe
2+

 in the oxalic acid treatments was extremely low 

(1.3±0.2%). The formation of  Fe(Ox)
3

3-
, Fe(Ox)

2

-
, Fe(HOx)

2+
, and Fe(Ox)

+
complexes is more 

thermodynamically favoured (logK values 20.2, 15.57, 9.3, and 9.53 respectively) (NIST, 2001) 

than formation of [Fe(II)-HA]+complex (logK=1.99). Therefore, these findings suggest that the 

reductive dissolution effect of AA is the main driving force for solubilizing HFO while the 

complexation effect can to some extent stabilize  Fe
2+

 in solution although it can exists as free 

cation and thus enhance P release.  Complexation is not required for solubilization under reducing 

conditions because the Fe2+ cation is more soluble than the Fe3+ cation, for example, the Ksp values 
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of Fe(OH)2(s) and Fe(OH)3(s) are 7.9×10
-16

 and 1.6×10
-39

 at 25 ℃ respectively (Harris & Lucy, 

2016). 

The dissolution experiments were performed at acidic pH; to demonstrate that 

solubilization is due to reduction and complexation and not simply the low pH, batch tests were 

conducted using sulfuric, nitric, and hydrochloric acid at pH 3. As illustrated in Figure 4.3, the 

effect of the inorganic acids on P and Fe release was substantially less than that of either the AA 

or oxalic acid treatments at pH 3. This demonstrates that the redox/complexation capabilities of 

ascorbate and oxalate ions toward  Fe
2+

 and  Fe
3+

 in acidic media are necessary for dissolution of 

the synthetic sludge. Although acidic treatment has been employed for releasing P and Fe from 

Fe-P solids and sludge ash, even more acidic conditions (pH ≤1) have been needed to solubilize 

Fe-P and hence the demand for chemicals is high (Wilfert et al., 2015; Monea et al., 2020a; 

Chakraborty et al., 2020).  It is clear that the redox and chelating effects associated with acidic AA 

treatment are more effective in solubilizing Fe-P sludge and stabilizing Fe in solution than common 

acidic treatments.  

4.4.3 Vivianite formation and characterization 

After the full solubilization of the Fe-P sludge in the AA experiments, the recovery of P 

and Fe as vivianite by adjusting the pH of the reaction mixture to 7  was assessed. Figure 4.4 

illustrates the percentage of total P and  Fe
2+

in the solid and soluble phases after 30 minutes of 

vivianite precipitation at pH 7 along with PHREEQC simulation results. The recovery of the initial 

soluble P (0.15±0.02 mM) and  Fe
2+

 (0.22±0.01 mM) as solid vivianite were 88±2% and 90±1% 

respectively. These results demonstrate the feasibility of recovering both elements.  Further, they 

confirm that the chelating effect of AA which stabilizes  Fe
2+

 in solution at acidic pH  is not 

effective at neutral conditions where vivianite formation (logK=36) (Wilfert et al., 2018) is more 
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thermodynamically favoured over the Fe(II)-ascorbate complexes. Given that the stoichiometric 

ratio of iron and phosphorus in vivianite is the same as the initial synthetic sludge (Fe/P molar ratio  

of 1.5), it was expected that all soluble P and  Fe
2+

would be consumed, and no excess would remain 

in solution. However, an excess soluble P (12±2%) and  Fe
2+

 (10±1%) were measured in solution 

after vivianite precipitation. Moreover, the measured yield of formed vivianite (0.065 ± 0.002 

mmol) was lower than the modeled (0.071 mmol) value. This variation in the measured and 

modeled values was attributed to the short reaction duration (30 minutes) that was given for 

vivianite precipitation. 

 

Figure 4.4. Percentage measured and modeled values of soluble and solid (a) P and (b) Fe
2+

after 
vivianite precipitation at pH 7 for 30 minutes. 
  

  

  To confirm the precipitated solids were vivianite, XRD analysis was performed and 

compared with pure vivianite solids (synthesized) that were generated in the lab (for details of the 

synthesis method refer to A2). Both samples had the same blue color (Figure A2.5) indicating 

partial oxidation of  Fe
2+ in the solid (Zhang et al., 2022). Figure 4.5 shows the XRD spectra for 

both the precipitated sample and synthesized sample along with a standard vivianite spectrum. A 

very good match was observed for both samples with the reference vivianite spectrum. Moreover, 

the Fe/P molar ratio was measured for both the precipitated and synthesized vivianite samples to 
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quantify their P and Fe content. The measured Fe/P molar ratios after acid digestion were 1.53 and 

1.57 respectively which were very close to the theoretical value of vivianite (Fe3(PO4)2.8H2O, Fe/P 

= 1.5) and within the values of 1.1-1.7 reported for vivianite in digested sludge (Wilfert et al., 

2016). In addition, the precipitated and synthesized vivianite showed magnetic properties (Figure 

A2.6). Accordingly, the obtained results for XRD, Fe/P molar ratio analysis, and magnetic 

properties indicate that the generated solid from AA treatment to Fe-P sludge was vivianite and 

suggest no significant effect of the inorganic components of the synthetic wastewater on vivianite 

purity. 

 

Figure 4.5. XRD spectra for vivianite precipitate, synthetic vivianite, and standard  vivianite. 
 
  

4.5 Discussion 

In CPR plants , iron is commonly dosed since it can remove phosphorus to a very low level 

(Szabó et al., 2008). Around 90% of the P in the wastewater influent ends up in the sludge in the 

form of Fe-P solids providing a potential secondary source for phosphorus mining (Cornel & 

Schaum, 2009). The key process in P recovery is releasing P from Fe-P sludge. However, this 
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process is considered challenging as it is affected by various factors such as bonding characteristics 

between Fe and P, age of Fe-P solids, and the complex composition of sludge (Yu et al., 2021).  

This study showed that redox manipulation of Fe-P sludge using AA at acidic pH was 

highly effective in releasing P from Fe-P sludge as AA can exhibit both reducing and chelating 

properties toward Fe ions. During AA treatment 98% of solid Fe
3+ 

in Fe(III)-P sludge was reduced 

to Fe
2+ 

followed by full dissolution and release of Fe
2+ 

and PO4
3-

 to solution. This was obtained at 

a minimum Fe/AA molar ratio of 1:2 and at both pH values tested of 3 and 4. In fact, employing 

AA treatment at acidic pH has many advantages that offer a great promise for practical applications 

of P recovery. These advantages include: (i) strong reducing effect of AA compared to other 

common reducing agents that are used to reduce Fe
3+ 

to Fe
2+ 

in water analysis, such as 

hydroxylamine which failed to reduce solid Fe
3+ 

in Fe(III)-P sludge; (ii) AA can form complexes 

with Fe
2+ 

which enhance solubilization and stabilization of Fe
2+ 

in solution; (iii) the performance 

of the reductive dissolution effect of AA toward Fe-P sludge was not affected by solids age which 

practically makes AA treatment suitable for sludges with long residence time; (iv) AA is more 

effective for mobilization of P from Fe-P sludge compared to other pre-treatment methods (i.e., 

wet acidic treatment); (v) soluble Fe
2+ 

and PO4
3-

 can be recovered as vivianite mineral by adjusting 

the solution to pH 7.0; (vi) AA is environmentally friendly and inexpensive, improving its utility 

in a variety of engineering applications (i.e., dichlorination of drinking water and corrosion 

inhibition). However, this study generated valuable information that could be used to conduct a 

cost-benefit analysis in future application. 

The data obtained for AA treatment in this study describe the release of Fe and P from a 

synthetic inorganic Fe-P sludge generated from a simple wastewater matrix (absence of inorganic 
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and organic interferences). The data in the simplified inorganic synthetic sludge studies here are 

consistent with that reported recently by Xu et al. (2023) for P and Fe ascorbic acid induced release 

from real Fe-P rich waste activated sludge. This suggests similar release behaviour for P and Fe 

from Fe-P sludge by AA treatment in the presence and absence of inorganic and organic 

interferences.  

4.6  Conclusions 

This study is the first attempt to provides insights into P release and recovery by reducing 

Fe(III)-P sludge using AA as reductant in the absence of interferences from other wastewater 

components (organic matter, bacteria). The reductive dissolution of AA on Fe-P sludge at Fe/AA 

molar ratio 1:2 and pH values 3 and 4 was effective where full solubilization of Fe-P sludge was 

achieved. Sludge aging did not affect the reductive dissolution of Fe-P sludge by AA 

demonstrating the suitability of AA treatment for sludges with extended residence times. The use 

of hydroxylamine (reducing agent) was not effective in reducing Fe3+ in Fe-P sludge. Oxalic acid 

as a chelating agent was effective in solubilizing Fe-P sludge at oxic conditions and stronger in 

chelating Fe than AA. Inorganic acids showed low release (<10%) of P and Fe at pH 3 compared 

to AA and oxalic acid. After AA treatment P and Fe were recovered from solution in the form of 

vivianite by increasing the solution pH to 7 with %recovery of  88±2% and 90±1% respectively. 

XRD, Fe/P molar ratio measurements, and magnetic attraction all conformed qualitatively and 

quantitively vivianite formation. Overall, this method exhibited good performance in releasing P 

from sludge under acidic conditions and is promising for establishing a new route for P recovery 

in the form of vivianite.  
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Chapter 5 - Impact of Organic Matter on Chemical Phosphorus Removal and 

Recovery from a Synthetic Wastewater Matrix 

 

 

5.1 Abstract 

This novel study evaluated the influence of different OM constituents (carbonaceous and 

nitrogenous), that are found in raw municipal wastewater, on chemically mediated P removal by 

FeCl3. Batch tests were performed using synthetic wastewaters containing meat extract (ME), 

potato starch, glycerol, and Luther Marsh (LM) concentrate to represent proteins, carbohydrates, 

lipids, and NOM respectively while peptone, urea, and ammonium chloride represented 

nitrogenous constituents. Results showed insignificant effect of nitrogenous constituents, potato 

starch and glycerol on P removal. However, ME and LM caused a remarkable reduction in P 

removal (3.0±0.4% and 23±1% respectively) when compared to an inorganic control recipe 
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(62±2%). Elevated soluble Fe (SFe) residuals for ME (87±5%) and LM (51±1%) indicated 

interactions between Fe(III) cations and negatively charged functional groups like hydroxyl, 

carboxyl, and phenolic groups available in ME and LM. No change in P removal performance is 

observed for carbonaceous constituents in the presence of nitrogen source except for LM which 

exhibited a substantial increase by (23%). Significant negative correlations between P removal and 

residual SFe were observed for carbonaceous constituents in the absence and presence of nitrogen 

source. This suggested Fe solubilization as the mechanism responsible for reduced P removal. The 

presence of OM did not influence P release from Fe-P sludge in wet alkaline (pH 10) and ascorbic 

acid treatments. The findings of this study identify, for the first time, DOM constituents with higher 

impact on P removal and recovery, ultimately enabling a better understanding of P recovery from 

wastewaters that are treated with by Fe(III) salts.  

5.2 Introduction 

The discharge of phosphorus (P) to aquatic ecosystems due to anthropogenic activities can 

lead to eutrophication and potential severe environmental impacts for aquatic life (Huser et al., 

2016; Venkiteshwaran et al., 2018). Phosphorus is also a non-renewable resource required for 

global agriculture, where currently the majority of P for chemical fertilizer is obtained by mining 

operations (Cordell and White, 2014; Kok et al., 2018). Municipal wastewater treatment plants 

(WWTPs) are a significant anthropogenic point sources for P entering surface waters and have the 

potential to be an alternative P source with reduced environmental impacts compared to mining 

(Bowes et al., 2015; Peng et al., 2018a). For instance, between 2002 and 2010, approximately 62% 

of global total anthropogenic P load to freshwater bodies originated from sewage effluents 

(Mekonnen & Hoekstra, 2018). Further, in 2015, sewage effluents counted for 70% of total P 

loadings to rivers in UK (Bunce et al., 2018). In this context either biological or chemical  
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technologies have the potential to be employed in WWTPs to prevent eutrophication and recover 

P to offset the needs for non-renewable P mining.  

Chemical P removal (CPR) has been widely practiced in WWTPs for efficient and stable P 

removal (Wu et al., 2019). It involves dosing metal salts into wastewater to form insoluble metal-

phosphate solids that can be separated by physical means. Iron(III) chloride (FeCl3) is the most 

frequent metal salt employed (Ping et al., 2022). In a CPR process, the iron(III) cation can interact 

with orthophosphate (Portho) anion through different pathways including direct-precipitation, co-

precipitation, and adsorption (Smith et al., 2008; Ping et al., 2022; Alnimer et al., 2023). This 

generates different types of Fe-P solids, where the most likely are Fe(III)-P minerals (i.e., strengite 

FePO4.2H2O), Fe(III)-hydroxyphosphate (FexPO4(OH)3x-3), and Portho adsorbed to Fe(III) 

hydrolysis products such as hydrous ferric oxide (HFO) surfaces (Smith et al., 2008, Wilfert et al., 

2015, Ping et al., 2022; Alnimer et al., 2023). The extent of P removal and the form of Fe-P solids 

are influenced by factors such as solution pH, Fe salt type and dose, floc age, mixing intensity, and 

presence of organic matter (OM) (Szabo et al., 2008; Li et al., 2018; Ping et al., 2022). However, 

among these factors, the effect of OM interferences on P removal and recovery from wastewater 

remains an active area of research (Wilfert et al., 2015; Ping et al., 2022).  

OM in wastewater originates from human and food wastes, decomposition of animal and 

plant residues, and industrial discharges (Huang et al., 2004; Metcalf and Eddy, 2014; Chen et al., 

2023). It spans a wide range of chemical structures and molar masses and exists in both particulate 

and dissolved (particles <0.45 µm) forms (Omoike and Vanloon, 1999; Metcalf and Eddy, 2014, 

Volcke et al., 2023). The dissolved organic matter (DOM) in wastewater is complex, containing a 

variety of carbonaceous and nitrogenous constituents that contribute to the overall chemical 

oxygen demand (COD) (Metcalf and Eddy, 2014; Yuan et al., 2019). Although its chemical 
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composition varies from source to source, the major components of domestic wastewater COD 

have been reported to include proteins (<60%), carbohydrates (40-90%), lipids (<40%), and 

natural organic matter (NOM)) (Levine et al., 1985; Raunkjaer et al., 1994; Sophonsiri & 

Morgenroth, 2004; Huang et al., 2010; Le et al., 2016; Yuan et al., 2019). Generally, DOM 

comprises a variety of functional groups (i.e., hydroxyl, phenolic, carbonyl, carboxylic, aromatic, 

amino, and amido groups) capable of interacting with Fe(III) cationic species and thus have 

significant implications for the effectiveness of CPR processes (He et al., 2014; Sundman et al., 

2016; Chen et al., 2019). 

When DOM associate with Fe(III) through complexation, co-precipitation or adsorption 

reactions it can influence the hydrolysis and solubility of Fe(III) (Gaffney et al., 2008; Karlsson 

and Persson, 2012; Zhao et al., 2016). It has been reported that DOM-bearing carboxylic functional 

groups can complex Fe(III) and form stable soluble mononuclear Fe(III)-DOM complexes capable 

of supressing Fe(III) hydrolysis and polymerization  (Sharma et al., 2010; Karlsson and Persson, 

2012). However, DOM with high aromatic content showed a higher tendency toward co-

precipitation with Fe(III) hydrolysis products (Du et al., 2018; Chen et al. 2014; Riedel et al. 2013). 

In addition, DOM rich with negatively charged functional groups like carboxyl, hydroxyl and 

phenolic groups can adsorb to positively charged HFO surfaces through electrostatic interactions, 

ligand exchange, and hydrophobic interactions (Zhang et al., 2015, Taujale et al., 2016). The 

reactive sites at the HFO surface that are capable of interacting with anionic DOM also have the 

potential to interact with phosphate anions. Viewed collectively, Fe(III) and DOM interactions can 

impact the efficiency of CPR process by hindering Fe(III) hydrolysis and polymerization processes 

(Karlsson and Persson, 2012; Zhou et al., 2015) or by competing with P for active sites on Fe(III) 

hydrolysis products (Wilfert et al., 2015; Kida and Fujitake, 2020).  
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Ping et al, (2022) studied the effect of OM on P removal from wastewater by Fe salts and 

demonstrated that humic acids inhibited the P removal rate but only marginally affected the extent 

of removal. Other studies have looked at the impact of natural dissolved organic carbon (DOC) on 

P removal from wetland waters by iron and aluminium salts.  Qualls et al, (2009) found that high 

concentrations of natural DOC inhibited both the short-term removal of phosphate, and the longer-

term removal of total P from the water column. Hashim et al, (2021) showed that during 

electrocoagulation treatment of wastewater using iron-based electrodes, OM reacted rapidly with 

Fe cations and inhibited their coagulation and floc formation. In addition, the influence of DOM 

on P removal from wastewater streams by precipitation as recovery products such as struvite (Zhou 

et al., 2015), vivianite (Li et al., 2021), and calcium phosphate (Sindelar et al., 2015) have been 

addressed. While previous work (Qualls et al., 2009; Zhou et al., 2015; Sindelar et al., 2015; 

Hashim et al., 2021; Li et al., 2021; Ping et al., 2022) has focused on the impact of bulk natural 

DOM on P removal and recovery by Fe salts from wastewater, limited work has examined the 

impact of the individual carbonaceous and nitrogenous constituents comprising DOM, like 

proteins, carbohydrates, and lipids. 

This novel study aims to evaluate the impact of individual and combinations of municipal 

wastewater carbonaceous and nitrogenous constituents on P removal with FeCl3 and subsequent 

recovery of P from the generated solids. Batch precipitation tests were initially performed using a 

synthetic wastewater containing typical concentrations of proteins, carbohydrates, lipids and 

NOM.   Subsequently, P release and recovery batch tests were conducted using wet alkaline and 

ascorbic acid treatments (Alnimer et al., 2023a, 2023b) to assess the impact of OM on P recovery. 

The results obtained in this study, for the first time, identify DOM constituents with higher impact 

on P removal and recovery, thus enabling a better understanding of P recovery from wastewater 
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that is treated with Fe(III) salts. The results will help improve approaches for CPR beyond those 

currently employed.    

5.3  Materials and methods 

5.3.1  Preparation of synthetic wastewater 

Unless otherwise specified, all chemicals used in this study were of reagent grade and 

commercially available. All glassware were acid washed. Ultrapure water (Millipore, resistance 

>18.2 MΩ) was used for preparation of all solutions. A modified version of the synthetic 

wastewater recipe (Table A3.1 and A3.2) reported by Boeije et al. (1999) was employed as a model 

for domestic sewage mimicking “household” (grey water) and “sanitary” (black water) fractions. 

From this recipe and for simplicity and consistency, carbonaceous constituents including meat 

extract (ME), potato starch, glycerol, were selected to represent proteins, carbohydrates, and lipids 

respectively. Peptone, urea, and ammonium chloride were selected to represent nitrogenous 

constituents. In addition, Luther Marsh (LM) reverse osmosis concentrate was employed as a 

carbonaceous constituent representing natural organic matter (NOM). Luther Marsh was collected 

as described in Al-Reasi et al. (2012). The inorganic constituents followed a recipe for artificial 

wastewater Jung et al., (2005) (Table A3.3) and included MgSO4, CaCl2, and NaHCO3 and 

Na3PO4. The “full recipe” included all components while simplified matrices were employed in 

some tests to investigate the roles of specific components. Table 5.1 summarizes concentrations 

and descriptions of the key components in the full recipe, and Table 5.2 describes the specific 

“simplified matrix” experiments that were performed. The concentrations of the carbonaceous 

constituents used here were selected such that the total concentrations of proteins, carbohydrates 

and lipids were similar to the original synthetic wastewater recipe (Table A3.4). 
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The  wastewater recipes were prepared by dissolving the components (Table 5.1 and Table 

5.2) in one litre of ultrapure water. As potato starch is inherently insoluble under normal 

conditions, a stock solution was prepared by adding 1 g of potato starch powder to about 70 mL 

of ultrapure water that was subsequently heated to 300 ℃ with occasional stirring until the powder 

completely dissolved (Jaber, 2020). The solution was then poured into a volumetric flask and 

topped to a volume of 1 L. The full recipe had a measured chemical oxygen demand (COD) value 

of 405±5 mg-O2/L, total organic carbon (TOC) of 120±3 mg-C/L, total nitrogen (TN) of 54±2 mg-

N/L, and a pH of 8.2. These values fit into the ranges reported by Volcke et al, (2023) for raw 

municipal wastewater (Table A3.5). 

Table 5.1 Components in recipe simulating domestic wastewater. 

Component 
Concentration 

(mg/L) 
Description 

 

Supplier 
 

Carbon source  

Meat extract* 189 Mostly proteins Millipore 

Potato starch 103 Carbohydrates Sigma Aldrich 

Glycerol 44.5 Lipids Sigma Aldrich 

Luther Marsh 5 Natural organic matter 
Grand River Watershed, 
ON 

Canada 

Nitrogen source  
Peptone 

15 

Water-soluble product of 

partial hydrolysis of 
proteins 

Sigma Aldrich 

Urea 75 Carbamide  Sigma Aldrich 

NH4Cl 11 Ammonium chloride VWR 

Phosphorus source  

Na3PO4·12H2O 61 
Tribasic sodium 

orthophosphate 
Sigma Aldrich 

Inorganic source  
NaHCO3 300 Sodium bicarbonate Sigma Aldrich 

MgSO4·7H2O 24 Magnesium sulphate Sigma Aldrich 

CaCl2·2H2O 2.5 Calcium chloride Fisher Scientific 
*Note: Meat extract is mostly proteinaceous and includes both carbon and nitrogen and here was 
arbitrarily labeled as a carbon source, with the realization that it also includes nitrogen.  
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Table 5.2 Composition and characteristics of matrices employed to assess the effect of 
carbonaceous and nitrogenous constituents on P removal.   

Recipe Name Recipe Compositiona TOCb  

(mg C/L) 

TN 

(mg N/L) 

pH 

(±0.03) 

Full All constituents from Table 5.1 120±3 54±2 8.18 

Control Inorganic constituents only 
(Table 1).  

0 0 8.9 

All carbon (all-C) All carbon sources (Table 5.1) 114±2 22±1 8.22 

All nitrogen (all-N) All nitrogen sources (Table 5.1) 18±1 39±2 8.63 

Peptone Peptone  8±1 2 8.87 

Urea Urea  16±2 37±1 8.81 

Ammonium Chloride    
 

NH4Cl 0 4 8.85 

Meat extract (ME) Meat extract  74±4 21±1 8.33 

Starch Starch  26±3 0 9.01 

Glycerol  Glycerol 18±4 0 8.99 

Luther Marsh (LM) Luther Marsh  10±1 0.23±0.02 8.67 

Meat extract-N (ME-N) Meat extract + all nitrogen 

sources (Table 5.1) 
98±5 64±3 8.36 

Starch-N Starch + all nitrogen sources 

(Table 5.1) 
43±2 40±1 8.78 

Glycerol-N Glycerol + all nitrogen sources 

(Table 5.1) 
39±3 39±1 8.80 

Luther Marsh (LM-N) Luther Marsh + all nitrogen 

sources (Table 5.1)  

27±3 41±2 8.53 

aConcentrations and descriptions of all components are the same as those listed in Table 1. All recipes were 
prepared in 1 L solution of inorganic “Control”. Measured values of the characteristics of each recipe are 

reported. 
b TOC is measured instead of COD to monitor carbon content of the recipe in the absence of nitrogen.  
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5.3.2 P removal batch experiments 

Batch experiments were conducted in triplicate at 22±1 ℃ to investigate the effect of 

carbonaceous and nitrogenous constituents on P removal. Experiments that assessed the effect of 

each single carbonaceous and nitrogenous constituent, and/or combination, on P removal were 

conducted using different formulations of the full recipe as illustrated in Table 5.2. Each 

formulation was designed to highlight different components to assess how the organic matter 

composition influences the interactions between Fe and P. For starch and glycerol recipes, further 

tests were conducted using higher concentrations for both constituents (400 mg/L and 260 mg/L 

respectively) with equivalent TOC values of 100 mg C/L. The inorganic constituents (excluding 

NH4Cl) were included in all formulations. 

An Fe(III) solution with pH of 2.5 was used as coagulant in all tests and was prepared by 

dissolving FeCl3·6H2O (13.6 mg Fe/L) in ultrapure water. All P removal tests were performed in 

1 L glass beakers using an Fe/P molar ratio of 1.5 that was achieved by adding the FeCl3 solution 

to 1 L of synthetic wastewater under fast stirring (600 RPM) conditions for 15 minutes. The 

resulting suspensions had a pH ranged between 7.2 and 7.3. Samples were collected from the one 

litre sludge suspension while it was mixed for TP and TFe measurement to ensure consistent 

sample composition. The initial concentrations of TP and TFe were determined by acid digestion 

using (37%) HNO3. In addition, samples were collected and filtered  using 0.45 µm cellulose nitrate 

membrane filters (Whatman, pore size 0.45 µm, diameter 47 mm). Concentrations of total 

phosphorus (TP) and total iron (TFe) in the filtrate were measured and the P removal was 

calculated using equation (5-1): 

 %P removal =
(Po-Pe)

Po
 ×100                                                                                                        (5-1) 
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where Po and Pe represent the initial and residual P concentrations (mg P/L) in the liquid phase 

respectively.  

5.3.3 P release batch experiments 

5.3.3.1 Iron(III) phosphate (Fe-P) sludge preparation 

Fe-P sludges were generated from both the full and control recipes to assess whether the 

presence of OM during coagulation impacts the subsequent release of P for recovery. Fresh Fe -P 

sludges with an Fe/P molar ratio of  3.5 were prepared by dosing FeCl3.6H2O (40 mg Fe/L) solution 

into one litre of synthetic wastewater containing Na3PO4 (5 mg P/L) under high stirring (600 RPM) 

for 15 minutes. The Fe/P ratio in these tests was increased relative to the P removal experiments 

such that sufficient solids were generated for the subsequent desorption experiments. Hence, the 

pH of the synthetic wastewater solutions was adjusted to 9 by NaOH (1.0 M) before Fe addition 

to obtain a final pH of 7.1-7.2. Samples (50 mL) were transferred from the one litre sludge 

suspension, while it was mixed at high rate (600 RPM) on a magnetic stirrer for use in the batch 

tests. The samples were centrifuged at 4500 RCF for 30 minutes and decanted prior to their use in 

batch desorption tests.  

5.3.3.2 P release from Fe-P sludge 

Batch desorption tests were carried out to study the effect of alkaline (pH 10) and ascorbic 

acid (AA) treatment on P and Fe release from the control and full recipe Fe-P sludges. In order to 

produce sufficient solids for recovery experiments, the Fe-P solids were generated using the full 

and control recipes at pH values of (7.22±0.01) and (7.24±0.01) and had higher Fe/P molar ratios 

of (3.51±0.02 and 3.47±0.03 respectively) than the 1.5 molar ratio used in the removal 

experiments. The initial concentration (X°) of TP and TFe was measured in the sludge solids 
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obtained after the centrifugation step but before mixing with synthetic wastewater. The methods 

employed for alkaline and AA treatment to solubilize P and Fe are presented in Alnimer et al. 

(2023a and 2023b) respectively. All tests were conducted in 50 mL centrifuge tubes containing 

equal masses of dewatered sludge (amount equivalent to approximately 5 mg dry weight) that were 

placed on a rotary shaker. For tests assessing the effect of alkaline treatment on P release, sludge 

samples were mixed with 20 mL of synthetic wastewater and the pH was adjusted to 10 where it 

was maintained by manual titration with (0.5 M) NaOH over the 8 hour reaction time.  

Ascorbic acid tests were conducted inside an anaerobic chamber that was flushed with 

argon gas (Ar) and consisted of contacting sludge samples with 20 mL of freshly prepared ascorbic 

acid solution. The Fe/AA molar ratio was set to 1:2 and the solution pH was maintained at 3 by 

manual titration with (0.5 M) HCl for 2 hours reaction time while monitoring oxidation-reduction 

potential (ORP). At the end of each test samples were  filtered through 0.45 μm cellulose nitrate 

filter membranes (Whatman, pore size 0.45 µm, diameter 47 mm) and the filtrate concentrations 

of TP, TFe, and Fe2+ were measured. Each batch experiment was run in triplicate. The release of 

P and Fe was calculated using equation (5-2): 

 %X release =
𝑋𝑒

𝑋𝑜
 ×100                                                                                                                (5-2) 

where Xe and Xo represent the concentration (mg/L) of P or Fe in liquid phase and in initial solid 

phase respectively.  

5.3.4 Chemical analysis 

The concentration (w/v) of total suspended solids (TSS) was measured by filtering 150 mL 

samples using 0.45 µm cellulose nitrate membrane filters (Whatman, pore size 0.45 µm, diameter 
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47 mm). The filter paper was then dried inside a desiccator at room temperature for 24 hours and 

the mass of TSS was measured. 

The solution pH and ORP values were measured with a digital benchtop meter (Orion Star 

A211, Thermo Scientific, USA). Inductively Coupled Plasma Optical Emission Spectroscopy 

(ICP-OES) (PerkinElmer Optima 7300 DV, Waltham, MA, USA) was used to measure  

concentrations of soluble TP and TFe. Intensities were measured in axial mode at a wavelength of 

213.6 nm for P and 238.2 nm for Fe with the viewing height set to 15 mm above the induction 

coil; the flow rate of the sample pump was set to 2 mL/min, Ar was used as the plasma and auxiliary 

gas, set to 15 and 0.5 L/min, respectively. Ferrozine method (Viollier et al., 2000) was used for 

Fe2+ determination. TOC and TN were measured using a Total Organic Carbon and Nitrogen 

Analyzer (TOC-LCPH, Shimadzu, Japan). COD was determined by the US EPA approved 

dichromate method 410.4 using COD medium range reagent vials - HI93754B-25 (Hanna 

Instruments, Woonsocket, RI, USA). In these analyses 2 mL of sample were transferred to a ready-

to-use vial containing 2 mL of pre-dosed dichromate reagent. The vial then was directly placed in 

a COD digester (DRB 200, HACH, USA) for 2 hours at 150 ℃. Following digestion the 

absorbance was measured at 600 nm using a DR6000 Benchtop Spectrophotometer (HACH, 

USA). The COD calibration curve was prepared using known additions of potassium hydrogen 

phthalate (KHP), dried overnight at 120 ℃.  

5.3.5 Statistical analysis 

Statistical analysis was conducted using either ANOVA or t-tests as appropriate, slope 

difference, and 95% confidence level overlap analysis. Results of ANOVA and t-tests are indicated 

by reporting the result of the F or t value, respectively, as well as the  corresponding p value; 

degrees of freedom of the statistical test are reported in brackets. 
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5.4  Results and discussion 

5.4.1 Effect of various formulations on P removal 

Phosphorus removal batch tests were conducted with an initial P concentration of 5 mg/L 

and Fe dose of 13.6 mg /L (Fe/P molar ratio 1.5). To quantify the extent to which matrix 

composition impacted P removal by Fe(III) salt, these tests were performed usin g different 

synthetic wastewater recipes. Figure 5.1 presents the values of P removal and soluble Fe (SFe) 

residual for each synthetic wastewater formula. It should be noted that the pH for P removal for 

all tests ranged between 7.1 and 7.3 (Table A3.5) which is typical of the pH range (6-8) observed 

at WWTPs using CPR (Metcalf and Eddy, 2014; Wilfert et al., 2015). Fig. 5.1a shows P removal 

for the full (19±1%), all-C (14±1%), all-N (62±1%), and control (62±2%) recipes. The observed 

P removal was 3 and 4 times higher in the control and all-N recipes than the full and all-C recipes 

respectively. In contrast to P removal, the full and all-C recipes exhibited notably higher SFe 

residual values of (63±2%) and (66±1%), respectively compared to the all-N (8±3%) and control 

(11±2%) recipes. These results indicate that the presence of organic carbon in wastewater can 

significantly affect P removal and SFe residual while the nitrogenous components have a 

negligible effect on these responses.    
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Figure 5.1 P removal and soluble Fe residual (%) using different wastewater formulations. (a) full, 
carbon sources, nitrogen sources and inorganic control formulations, (b) nitrogenous formulations 

individually and in combination, (c) carbonaceous formulations individually and in combination, 
and (d) carbonaceous constituents plus all-N recipe. Note: some bars are repeated across graphs to 
assist with visual comparisons within each subset of results.  

 

In general, P removal from wastewater by Fe salts at circumneutral pH can occur via either 

co-precipitation with Fe hydrolysis products (i.e., hydrous ferric oxide, HFO) or by adsorption 

onto precipitated HFO surfaces (Smith et al., 2008; Wilfert et al., 2015; Ping et al., 2023). 

However, the presence of organic matter in wastewater could potentially perturb the P removal 

process, as organic matter can bind Fe cations and solubilize HFO and/or compete with phosphate 

for adsorption onto surfaces of Fe hydrolysis products (Duan & Gregory, 2003). The elevated 
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residual soluble Fe for cases where P removal was reduced is consistent the interaction of organic 

carbon with Fe to reduce P uptake and is subsequently discussed in detail.  

The low P removal performance observed for the full and all-C recipes is attributed to the 

solubilization of a high fraction of the HFO by the carbon constituents as evidenced by the high 

SFe residual values for both recipes (Fig 5.1a). Further, the high TOC concentrations (Table 5.2) 

for the full and all-C recipes compared to all-N and core recipes suggest that it is the carbon 

constituents playing a role in enhancing the solubilization of HFO.  Solubilization of a high fraction 

of HFO will in turn minimize the number of available surfaces and active sites for phosphate to 

bind to HFO, and thus lowered the P removal. Ome carbon constituents have negatively charged 

functional groups (i.e., carboxylic, phenolic, and alcoholic) capable of interacting with Fe
3+

cations 

and thus suppress the formation and polymerisation of HFO responsible for P removal. Although 

blocking of existing HFO surface sites is possible by organic matter, the observed solubilization 

of iron implies the significant pathway was complexation of iron in solution rather than physical-

chemical blocking of surface HFO phosphate binding sites. To obtain a better understanding of 

how the different carbonaceous and nitrogenous constituents impacted P removal by Fe
3+

, 

additional batch tests were conducted with single and/or combinations of the carbon and nitrogen 

sources. 

5.4.1.1 Impact of nitrogenous constituents 

Nitrogen (N) is a primary nutrient that exists in wastewater in the form of organic and 

inorganic compounds. In raw municipal wastewater, urea contributes 80% of total organic nitrogen 

while ammonia nitrogen (NH4
+
-N) accounts for 70%-82% of total inorganic nitrogen (Hanson & 

Lee, 1971; Li et al., 2017). In this study, urea and peptone were selected to represent organic 

components, and NH4Cl was employed for the inorganic component of TN.  
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The effect of each individual nitrogen component on P removal was evaluated. As 

illustrated in Fig. 5.1b the NH4Cl, urea, and peptone recipes exhibited similar P removal 

performance that were similar to the all-N and control recipes in that there were minimal effects 

of the components on removal. The P removal values for these recipes were not statistically 

different (one-way ANOVA, F(4,25) =1.74, p = 0.173). It was anticipated that nitrogenous 

compounds could interact with the Fe
3+

 cation through the amino groups and reduce HFO 

formation via complexation (similar to the mechanism for carbon compounds discussed above). 

For example, peptone is a product of partial hydrolysis of proteins and includes amino functional 

groups (Franek et al., 2000). Urea (CO(NH2)2) also contains two amino groups (-NH2), which can 

potentially coordinate with metals through the lone pairs of electrons on the N atom. The formation 

of an [Fe(urea)6]
3+

complex with coordination occurring via oxygen rather than nitrogen atom of 

urea has been reported (Penland et al., 1957; Charle, 1966; Eltayeb, 2000). However, the observed 

low SFe residuals (<12%) for all N constituents, similar to the inorganic controls , indicate no 

significant interactions occurred between Fe
3+

 and N atoms in amino groups for the pH and 

concentrations used in this study. This suggests no influence of nitrogenous components on either 

formation of HFO or competing P for active sites. Moreover, the complexation of Fe
3+

 with 

nitrogen compounds are weaker and thermodynamically less favoured (i.e., no thermodynamic 

data available at NIST) than the formation of iron phosphate precipitates. Viewed collectively, the 

results indicate that the availability of Fe
3+

 for phosphorus removal is not significantly affected by 

the presence of common nitrogen compounds. 
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5.4.1.2 Impact of carbonaceous constituents 

 The organic carbon in municipal wastewater originates primarily from human activities 

such as food waste, washing, and excretion (Huang et al., 2010; Tang et al., 2010). Proteins, 

carbohydrates, lipids and NOM are considered to be the major carbonaceous components in 

municipal wastewater (Liu and Liptak, 2000; O’Flaherty & Gray, 2013). For simplicity, in this 

study ME, potato starch, glycerol, and LM concentrate were selected to represent proteins, 

carbohydrates, lipids and NOM organic matter components respectively. The influence of each 

carbonaceous constituent employed in the full and all-C recipes on P removal by  Fe
3+ was 

explored. Fig. 5.1c demonstrates similar P removal for the control (62±2%), starch (64±5%) and 

glycerol (61±2%) recipes, and a remarkable reduction in P removal performance for the ME 

(3±0.4%) and LM (23±1%) recipes. The results suggest no impact of starch and glycerol on P 

removal, while ME and LM had a significant impact on this response. 

Relatively low residual SFe values (Fig. 5.1c) were observed for starch (10±2%) and 

glycerol (12±1%) indicating minimal impact on formation of HFO flocs although these 

constituents bear hydroxyl groups (Figure A3.1) capable of complexing Fe
3+

 cations. Moreover, 

the P removal results indicate that starch and glycerol do not compete with P for adsorption on 

HFO surface surfaces. This could be attributed to the weak ionization of the hydroxyl groups on 

the components at the neutral pH that the P removal tests were conducted (Table A3.6). For 

example, glycerol is considered as a weak acid with pKa value of 14.15 (Ketchie et al., 2007) and 

can form soluble complexes with Fe
3+

 at pH > 9 (More & Yokoi, 1994). 
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To obtain further insight into the impact of starch and glycerol on P removal, batch removal 

tests were performed with higher concentrations of starch (400 mg/L) and glycerol (260 mg/L) 

with equivalent TOC values of 100 mg C/L. Fig. 5.2 shows P removal and SFe residual values for 

the inorganic control, starch and glycerol recipes. Similar results were obtained for control and 

glycerol recipes, while for starch, P removal was reduced by approximately 50% and the SFe 

residual increased by 5 fold. The impact of starch at high concentrations is attributed to the starch 

molecule physically blocking sorption sites on HFO. At high concentrations the weak Van der 

Waals forces are likely sufficient that the starch molecule coats the surface of HFO to some extent. 

  The increased solubilization of Fe suggests that there is some soluble phase association 

between the starch molecules and iron at these elevated concentrations. Singh et al, (2014) 

demonstrated that when iron oxide nanoparticles are formed by neutralization of acidic ferric 

solutions in the presence of starch that starch functionalized iron oxide nanoparticles will form; 

such particles would be measured as dissolved iron in the experiments performed here, and any 

associated P would also be measured as soluble. The formation of starch-HFO nanocomposites 

would hinder the formation of HFO flocs and keep P in soluble phase. In summary, the results 

indicate that carbohydrates and lipids having similar structural properties to starch and glycerol 

will likely only impact P removal with Fe(III) salts under extreme concentrations. In typical 

domestic wastewaters the role of carbohydrates and lipids on modifying phosphate removal 

appears to be negligible.  
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Figure 5.2 P removal and soluble Fe residual (%) for starch and glycerol recipes at elevated 
concentrations (400 mg/L and 260 mg/L). TOC equivalent to 100 mg C/L for both recipes.  
Inorganic control results shown for comparison. 

 

The ME and LM recipes exhibited high residual SFe values of (87±5%) and (51±1%) 

respectively indicating significant interactions between these two components and  Fe
3+

 cations. 

ME appeared to maintain a high fraction of  Fe
3+ in solubilized form by suppressing its hydrolysis 

and polymerization and subsequently the formation of HFO flocs responsible for P removal. 

Considering the relative concentrations of TOC (74±4) and TN (21±1) for the ME recipe (Table 

5.2) ME was deemed to be a proteinaceous constituent with negatively charged functional groups 

(i.e., OH
−

, RCOO
−) and amino groups that were capable of complexing Fe

3+
and hydroxy Fe(III) 

cations (Tucker et al., 1975; ). In addition, proteins can suppress P removal by interacting with 

phosphates and forming soluble protein-phosphate complexes. It has been reported that many 

proteins originating from animal sources can interact with phosphates in solution through amino 

groups that have positively charged nitrogen sites (Parca et al., 2011; Audette et al., 2017). 

Therefore, it is noteworthy that proteinaceous constituents can negatively impact P removal 

through interacting with both the  Fe
3+

cation and PO4
3-  anion. 
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The organic matter in the LM concentrate has been previously characterized  and consists 

of terrigenous (allochthonous) materials that are almost exclusively considered as humic acid (Al-

Reasi, 2011). The 3.3 fold increase in residual SFe with the LM recipe as compared to the control 

recipe (Fig. 5.1c), indicates the capability of the LM constituents to form soluble Fe(III) complexes 

and thus reduce the generation of HFO floc and associated P removal. This was attributed to the 

presence of carboxyl, benzoic, and phenolic functional groups in the humic acid structure (Figure 

A3.2) that are able to form stable complexes with hydroxy Fe
3+

cations (Gu et al., 1994; Sundman 

et al., 2016). Moreover, LM can reduce P removal by competing with phosphates for active sites 

on HFO surfaces (Gu et al., 1994; Cui et al., 2014; Alsherbi, 2022). However, the TOC 

concentrations before and after P removal were 10±1 and 9±1 mg/L respectively. This suggested 

limited adsorption of humic acids and hence Fe
3+

 solubilization was the main mechanism 

responsible for reducing P removal. 

While both the ME and LM constituents reduced P removal by iron solubilization, the 

residual SFe with LM was 1.7 fold lower than that with ME (Fig. 5.1c). This could be attributed 

to the low TOC value for LM compared to ME (Table 5.2) and the lack of amino groups in LM 

(measured TN=0.23±0.02) which can increase complexation with Fe. Further, the all-C recipe 

(Fig. 5.1c), had P removal (14±1) and residual SFe (66±1) values between those corresponding to 

ME and LM alone. Taking into account the negligible effects of starch and glycerol on P removal, 

the impacts of the all-C recipe could be considered to represent the mixing of the ME and LM 

recipes. The intermediate performance for the all-C recipe compared to ME alone could be 

attributed to the interactions between proteins in ME and humic acids in LM. Proteins have 

positively charged amino groups that can be attracted to negatively charged hydroxyl, carboxyl, 

and phenolic groups on humic acid and decrease their reactivity; thus, affording the opportunity 
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for more production of HFO flocs which reduce Fe solubilization and increase P removal. The 

results are consistent with those of Tan et al, (2008), where formation of stable complexes between 

humic acids and proteins at pH 7 was observed. Therefore, the interactions between different 

organics in wastewater could potentially impact P removal by either decreasing or increasing Fe  

solubilization.  

5.4.1.3 Impact of combination of carbonaceous and nitrogenous constituents 

In municipal wastewaters OM includes nitrogenous constituents with amino functional 

groups that are capable of interacting with negatively charged species like phosphates and thus 

decrease P removal (Audette et al., 2017). The previously described results with ME indicated that 

the presence of nitrogen in OM reduced P removal. Therefore, the influence of adding the mixed 

nitrogen source (peptone, urea, and NH4Cl as in Table 5.1) to each carbonaceous constituent recipe 

on P removal was investigated. The impact of nitrogen source on starch and glycerol recipes was 

negligible as the 95% confidence intervals overlapped for P removal and residual SFe values in 

the presence (Fig. 5.1d) and absence of nitrogen source (Fig. 5.1c). The same effect was also 

observed for residual SFe values for ME with a no significant increase in P removal in the presence 

of nitrogen source (p = 3.18). However, the LM recipe exhibited a substantial increase by (23%) 

in P removal performance in the presence of nitrogen source indicating a positive effect. The 

observed enhancement in P removal for LM in the presence of nitrogen source was consistent with 

an interaction between negatively charged groups in LM (carboxyl, hydroxyl, and phenolic 

groups) and  positively charged amino groups available in nitrogen source recipe. This in turn 

would allow more Fe
3+

 to hydrolyze and generate HFO flocs as reflected by the (18%) decrease 

in residual SFe.  
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A reduction in HFO surfaces available for phosphate binding is a proposed mechanism of 

how organic matter might decrease phosphate removal efficiencies.  Such a decrease in binding 

can either be caused by solubilizing HFO or by organic matter functional groups competing for 

phosphate adsorption sites on the HFO surface. To gain more insight into the mechanism 

responsible for reduction in P removal, the relationship between P removal and residual SFe was 

assessed for carbonaceous constituents in the absence (C) and presence of nitrogen source (C+N). 

Fig. 5.3 reveals significant negative correlations (p<0.05, R2≥0.996) and (p<0.05, R2≥0.985) 

between P removal and residual SFe for both the C+N and C only recipe clusters. Although the 

presence of nitrogen source enhanced P removal for carbonaceous constituents, both recipe 

clusters shared the same intercept value and slopes (difference in slope analysis,  p = 0.369). It can 

be inferred that carbon sources rich with proteinaceous constituents and humic acids such a s ME 

and LM lower P removal efficiency mainly via solubilizing Fe and suppressing its hydrolysis and 

HFO floc formation. Carbon sources rich with carbohydrates like starch and lipids like glycerol 

will have negligible impacts on CPR. 
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Figure 5.3 Relation between soluble Fe residuals and P removal for carbonaceous recipes (C) 
(filled marker) and carbonaceous plus nitrogenous recipes (C+N) (unfilled marker).  

 

5.4.2 Effect of OM on P release 

Modern wastewater treatment has evolved to the point where resource recovery is 

becoming a significant priority; especially as phosphorus is a non-renewable resource (Alnimer et 

al. 2023b). As it was found that the presence of OM affects P removal it was anticipated that it 

could impact P release from Fe-P sludge, as the organic composite sludge material may have 

different reactivity compared to inorganic sludge alone. It should be noted that, with the exception 

of the starch recipe,  the TOC concentrations did not change through the P removal test (Table 

A3.7) indicating negligible OM was co-precipitated in the Fe-P sludge particles. This suggests that 

the presence of OM could only affect P release from Fe-P sludge through reactions in the bulk 

solution. For example, the presence of Lewis acid sites on OM might consume OH
-
 anions if high 

pH manipulation is utilized for P recovery, or OM might be reduced and consume reducing agent 

if low pe manipulation is utilized for P recovery. To investigate these possibilities, batch tests were 
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conducted under (i) wet alkaline (increase pH to 10) treatment and (ii) ascorbic acid treatment (pe 

decrease) with freshly prepared Fe-P sludge to quantify the extent to which the release of P by 

these treatments is impacted by OM.  

Figure 5.4 presents the release of P and Fe when the solids were generated from the full 

and control recipes. As shown in Fig. 5.4, P and Fe release from the Fe-P solids that were produced 

from control and full recipes were similar (95% confidence intervals overlapped) for both 

treatments. These results were consistent with previously published results for similar treatments 

of Fe-P sludge (Fe/P molar ratio 1.5) in the absence of OM (Alnimer et al., 2023a and 2023b). The 

lower P release value for pH 10 treatment in this study (67±3%) when compared to Alnimer et al, 

(2023) work (90±2%) was consistent with the effect of the Fe/P molar ratio used during sludge 

production on P release which decreases as the Fe/P molar ratio increases. Moreover, the AA 

treatment achieved full dissolution of the Fe-P solids with almost all Fe
3+

 reduced to Fe
2+

. These 

results suggests that OM had no direct impact on P recovery. However, when the reduction in P 

removal in the presence of OM is considered this could lead to the net production of lower quality 

Fe-P solids and/or solids with a higher Fe/P molar ratio as a result of the need to increase Fe doses 

to achieve P removal targets. This would particularly impact P recovery if the wet alkaline 

treatment is employed where recovery is not as efficient.  
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Figure 5.4 Release of (a) TP and (b) TFe from Fe-P solids after wet alkaline (pH 10) and AA 

treatments.  

 

5.5  Conclusions  

The influence of OM on P removal by FeCl3 and on P release from Fe-P sludge by alkaline 

(pH 10) and ascorbic acid treatments was investigated using synthetic wastewater recipes. The 

presence of an OM mixture (carbonaceous and nitrogenous constituents) reduced P removal 

performance 3 fold when compared to an inorganic control. The use of nitrogenous-based recipes 

including peptone, urea, and ammonium chloride, and carbonaceous recipes including starch and 

glycerol had no effect on P removal. Low P removal values were observed for ME and LM  recipes  

(3.0±0.4% and 23±1% respectively) when compared to the control recipe (62±2%). No change in 

P removal performance observed for carbonaceous constituents in the presence of nitrogen source 

except for LM which exhibited a substantial increase by (23%). Iron(III) solubilization is 

accountable for the reduction in P removal by ME and LM where high residual SFe values (87±5% 

and 51±1% respectively) were observed. A significant negative correlation between P removal and 

residual SFe were observed for carbonaceous constituents in the absence and presence of nitrogen 

source. Under alkaline (pH 10) and ascorbic acid treatment the presence of OM during sludge 

generation did not influence P release from the Fe-P sludge. Overall, the finding of this study 
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provides novel insights into how the presence of different carbonaceous and nitrogenous DOM 

constituents affect chemical P removal and recovery from wastewater by FeCl3. 
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Chapter 6 Conclusions & Future Work 

6.1 Conclusions 

In wastewater treatment, chemically mediated P removal using iron(III) salts generates 

iron-phosphate (Fe-P) sludge. P release and recovery from Fe-P sludge represents a potential 

sustainable source of phosphorus for use in fertilizer but is potentially challenging. To attempt to 

identify and resolve these challenges, this study provides clear knowledge about the performance 

of direct P release and recovery from the inorganic fraction of Fe-P sludge in the absence of 

potentially confounding organic matter and microorganisms. In lab bench scale, simulated Fe-P 

sludge that mimicked the inorganic composition of actual Fe-P sludge in CPR plants was utilized 

for different treatments including wet acidic/basic, competing anions, and reducing agent 

treatments. As a step towards more complex, realistic water chemistries, the influence of organic 

matter on CPR was addressed. Based on this research the following conclusions can be made:  

1. Alkaline treatment (pH≥10) was effective in releasing P from Fe-P sludge. At pH≥10 the 

concentration of OH
-
 is high enough to substantially replace P in the Fe-P sludge resulting in 

formation of ferric hydroxide Fe(OH)3(s) and liberating P (P release 90±2%). Further, the positive 

surface charge of HFO is decreased as pH increases leading to electrostatic repulsion between 

phosphate anions and the evolving negative surface charge which also results in an increase in P 

desorption. 

1.1 Fe:P molar ratio affects P release. Under alkaline treatment, the amount of P released 

was found to decrease as Fe:P molar ratio increased. From a practical perspective, higher 

Fe:P ratios would be beneficial in increasing the removal efficiency of P from wastewater, 

but this would reduce the potential for P release and recovery from the resultant sludge.  
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1.2 P release was affected by Fe-P sludge age. Solids aging reduces alkaline pH-induced 

P release from Fe-P sludge significantly after 5 days. Aging during time frames that reflect 

the residence times of Fe-P sludge in CPR plants (i.e., 1 to 12 days), cause HFOs structures 

to become more compact and transform from amorphous to more crystalline. This results 

in a reduction in surface area and P would be occluded (trapped) inside HFOs particles. 

Moreover, as the solids age, the surface bound P may be incorporated into the bulk structure 

of HFO and removed from the exchangeable surface. This was qualitatively supported by 

arsenic extraction and HFO surface area determination. Therefore, solids residence time of 

Fe-P sludge should be minimized to five days or less for the purpose of P recovery.  

1.3 The reduction in P release by aging was most simply described by Zero-order 

kinetic model . The zero order model provides a reasonable description of P release from 

aged sludge and is simpler than a first order model. However, the dependence of P release 

rate on initial concentration of P was not assessed. The use of a first order model might be  

considered in the future if data describing a greater range of initial P concentrations were 

to become available.  

2- P release was not affected by chloride anion. The relatively weak chloride binding at the 

surface adsorption sites on HFO made the effect of chloride insignificant on P release and reflected 

weaker chloride complexes compared to phosphates.  

3- Ascorbic acid treatment was highly effective in releasing P form Fe-P sludge. The reductive 

dissolution by AA on Fe-P sludge at Fe/AA molar ratio 1:2 and pH values 3 and 4 was effective 

and full solubilization of Fe-P sludge was achieved. Sludge aging (up to 11 days) did not affect 

the reductive dissolution of Fe-P sludge by AA, demonstrating the suitability of AA treatment for 

sludges with extended residence times. The use of hydroxylamine (reducing agent) was not 
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effective in reducing Fe3+ in Fe-P sludge. Oxalic acid as a chelating agent was effective in 

solubilizing Fe-P sludge at oxic conditions and stronger in chelating Fe than AA. Inorganic acids 

showed low effect (<10%) on releasing P and Fe at pH 3 compared to AA and oxalic acid.  

4- P recovery as vivianite after AA treatment was feasible. Reductive dissolution has an 

advantage over simple chelation to solubilize the iron in that the reduced Fe-P mineral vivianite 

can be formed directly after dissolution by simple pH adjustment. After acidic AA treatment P and 

Fe were recovered from solution in the form of vivianite by increasing the solution pH to 7 with 

%recovery of  88±2% and 90±1% respectively. XRD, Fe/P molar ratio measurements, and 

magnetic attraction all conformed qualitatively and quantitively vivianite formation.  

5- PHREEQC showed reasonable simulations. For wet alkaline treatment, modeling with the 

PHREEQC geochemical software did not always agree with the measured release of phosphorus 

from the Fe-P sludge. PHREEQC assumes all surface sites for phosphorus are exchangeable and 

has no mechanism to represent phosphorus trapped within HFO particles. However, for ascorbic 

acid treatment, PHREEQC modeling showed a reasonable agreement with the measured release 

of P and Fe from Fe-P sludge and vivianite formation suggesting it as a good tool for interpreting 

and predicting P and Fe release and recovery systems. 

6- Organic matter particularly proteinaceous constituents and NOM modify CPR by Fe(III) 

salts. P removal performance showed significant decrease in the presence of protein -like 

constituents (meat extract) and NOM (Luther Marsh) where %P removal was (3±0.4%) and 

(23±1%) respectively compared to (62±2%) release for inorganic control (no organic matter) 

experiments. Results for soluble Fe measurements conformed that HFO solubilization is the 

mechanism responsible for the reduction in P removal due to the interactions between Fe(III) and 

negatively charged functional groups (i.e., hydroxyl, carboxyl, and phenolic groups) on NOM and 
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proteinaceous materials. However, nitrogenous (peptone, urea, and NH4Cl) and carbonaceous 

(starch and glycerol) constituents showed negligible effect on P removal.  Further, no change in P 

removal performance observed for carbonaceous constituents in the presence of nitrogen source 

except for LM which exhibited a substantial increase by 23%. 

7- P release from Fe-P sludge was not affected by organic matter. Both wet alkaline (pH 10) 

and ascorbic acid treatments for P release from Fe-P sludge were not influenced by the presence 

of organic matter during Fe-P sludge formation. However, considering the negative effect of OM 

on P removal, the presence of organic matter (NOM and proteinaceous materials) during sludge 

formation could lead to production of lower quantity Fe-P solids and/or solids with high Fe/P 

molar ratio as a result of increasing Fe doses to achieve desired P removal. This could impact P 

recovery indirectly, particularly if the less efficient (compared to redox manipulation) wet alkaline 

treatment is employed.   

6.2 Recommendations for Future Work 

Phosphorus recovery as vivianite by AA treatment for Fe-P sludge at pH values 3 and 4 is 

a promising route for P recovery from wastewater sludge. It was achieved in the absence (this 

study) and in the presence (Xu et al., 2023) of organic matter. Therefore, it is recommended that 

further studies should be focus the following: 

1. Investigate the influencing factors of vivianite formation in depth, particularly the crystallization 

mechanism (i.e., addition of seed crystals to increase vivianite size and purity) and the impact of 

organic matter in order to optimize the operating conditions precisely. 

2. Develop different separation and purification procedures of vivianite to enhance the recovery 

efficiency and product purity.



  Appendix 1 

158 
 

Appendices 

Appendix 1 (Chapter 3 appendix) 

Table A1.1. Inorganic components of synthetic wastewater adapted from Jung et al. (2005). 

Chemical Reagent Concentration (mg/L) 

Magnesium sulfate (MgSO4.7H2O) 24.0 

Calcium chloride (CaCl2.2H2O) 2.40 

Sodium bicarbonate (NaHCO3) 300.0 

Sodium phosphate tribasic (Na3PO4.12H2O) (mg P/L) 50.00 

 

 

Mass balance sample calculations 

a) Fe-P solids precipitation (P removal process) 

Prior to the batch recovery tests Fe-P sludge solids with Fe/P molar ratio 1.5 were prepared 

by removal (precipitation) of 50 mg/L soluble phosphorus by suitable Fe dose according to the 

following formula: 

Fe(III) dose (mg/L) = (Fe/P molar ratio) × P conc. (mg/L) × (
𝐹𝑒 𝑎𝑡𝑜𝑚𝑖𝑐 𝑚𝑎𝑠𝑠

𝑃 𝑎𝑡𝑜𝑚𝑖𝑐 𝑚𝑎𝑠𝑠
 ) (Metcalf and Eddy, 

2014; WEF, 2011) 

Fe dose required for removal of 50 mg P/L =  1.5 × 50
𝑚𝑔

𝐿
×

55.85

30.97
 = 135.25 mg Fe/L. 

Mass balance formula : Input = output + build up,    where, 

Input = initial Fe and P concentrations mg/L, (theoretically calculated) 

Output= residual Fe and P concentrations mg/L in solution, (measured) 

Build up= Fe and P concentrations mg/L in solid Fe-P sludge, (measured) 
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Table A1.2. Mass balance tests (Fe-P solids precipitation) 

Element Input 
(mg/L) 

Output 
(mg/L) 

Build up 
(mg/L) 

Output + build up 
(mg/L) 

% Error 

P 50 5.74±0.41 46.62±0.51 52.4±0.7 4.8±1.4% 

Fe 136.25 1.54±0.26 130.3±3.3 131.9±3.3 3.2±2.4% 

 

b) Mass balance tests (P recovery batch experiments) 

Recovery batch tests involved releasing P and Fe from Fe-P solids. The initial P and Fe 

concentrations in Fe-P solids were determined by acidic digestion of Fe-P solids and ICP-OES. 

Mass balance formula : Input = output + build up,    where, 

Input = initial Fe and P concentrations mg/L, in Fe-P solids before reaction starts (measured) 

Output= Fe and P concentrations mg/L in solution after reaction completion, (measured)  

Build up= Fe and P concentrations mg/L in solid Fe-P sludge remined after reaction completion, 

(measured) 

Table A1.3. Mass balance tests (P recovery batch experiments) 
Element Input 

(mg/L) 
Output 
(mg/L) 

Build up 
(mg/L) 

Output + build up 
(mg/L) 

% Error 

P 47.67±1.12 20.37±0.61 29.03±0.56 49.4±0.8 3.62±2.89% 

Fe 129.2±2.1 6.016±0.20 120.03±1.5 135.2±2.1 4.64±2.32% 
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Figure A1.1. Adsorption isotherms for fluorescein (FL) uptake with HFO at different aging times 
and pH 6.5 fitted with Langmuir model (a) fresh HFO, (b) 5 days aged HFO, (c)  9 days aged HFO, 
and (d) 11 days aged HFO. 
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Table A1.4. List of soluble species, solid phases, and surface complexation reactions added  or/and 
modified to PHREEQC database with their corresponding logK values.  

Soluble species Reaction Log Keq at 25℃ Reference 

HPO𝟒
𝟐−

 PO4
3−

 + H+ ⇌ HPO4
2−

 11.66 (Smith et al., 2008) 

H2PO𝟒
−

 PO4
3−

 + 2H+ ⇌ H2PO4
−

 18.64 (Smith et al., 2008) 

H3PO4 PO4
3−

 + 3H+ ⇌ H3PO4 20.65 (Smith et al., 2008) 

FeOH 𝟐+ Fe
3+

+ H2O ⇌ FeOH 2++ H+ -2.77 (Smith et al., 2008) 

Fe(OH)
𝟐
+

 Fe3++ 2H2O ⇌ Fe(OH)
2
+

+ 2H+ -6.29 (Smith et al., 2008) 

Fe(OH)
𝟒
−

 Fe
3+

+ 4H2O ⇌ Fe(OH)
4
−

+ 4H+ -21.77 (Smith et al., 2008) 

FeHPO𝟒
+

 Fe
3+

+ HPO4
2−

 ⇌  FeHPO4
+

 19.96 (Smith et al., 2008) 

FeH2PO𝟒
𝟐+

 Fe
3+

+ H2PO4
−

 ⇌ FeH2PO4
2+

 22.11 (Smith et al., 2008) 

Eq. Phases 
(solids, fix pH 

and pe) 

Reaction Log Ksp at 25℃ Reference 

Strengite FePO4.2H2O ⇌ Fe
3+

+ PO4
3−

+ 2H2O -25* (NIST, 2001; Smith et al., 
2008) 

Struvite  MgNH4PO4.6H2O ⇌ Mg
2+

+NH4
+

+ 

PO4
3−

+ 6H2O 

-13.26 (Taylor et al., 1963) 

Scorodite FeAsO4.2H2O ⇌ Fe
3+

+AsO4
3−

+ 
2H2O 

-20.429 (Nordstrom and Archer 
2003) 

pH_Fix 
 

H+ = H+ 0.0  
 

Define pH fixing mineral 
 

pe_Fix 
 

e- = e- 0.0  Define pe fixing mineral 
 

HFO surface  

complexation 

Reaction LogK at 25℃ Reference 

≡FeH2PO4 ≡FeOH+PO4
3−

+3H+⇌ ≡FeH2PO4 + 

H2O 

35.5 (Smith et al., 2008) 

≡FeHPO𝟒
−

 ≡FeOH+PO4
3−

+2H+⇌ ≡FeHPO4
−

 + 

H2O 

30 (Smith et al., 2008) 

≡FePO𝟒
𝟐−

 ≡FeOH+ PO4
3−

+ H+⇌ ≡FePO4
2−

 + 

H2O 

20.5 (Smith et al., 2008) 

≡FeH2AsO4 ≡FeOH + AsO4
3−

+ 3H+ ⇌  

≡FeH2AsO4 + H2O 

29.31 PHREEQC wateq4f.dat 

≡FeHAsO𝟒
−

 ≡FeOH + AsO4
3−

+ 2H+⇌  

≡FeHAsO4
−

 + H2O 

23.51 PHREEQC wateq4f.dat 

≡FeOHAsO4 ≡FeOH + AsO4
3− ⇌ ≡FeOH + 

AsO4
3−

 

10.58 PHREEQC wateq4f.dat 

*The NIST (2001) contains a range of log Ksp values for strengite, depending on particle size and 
form, of between -21.8 (amorphous) and -26.8 (crystalline). 
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Table A1.5. PHREEQC input data file example 
# Example for calculating total concentrations of Fe and P at pH 10 after 24 

hours reaction time. 

 

SOLUTION 1 

    temp      22 

    pH        10 

    pe        10.75 

    units     mg/l 

    density   1                   # density, default 1 Kg/LA 

    Fe(3)     128                 # Total concentration of element. 

    P         46 

    Mg        3.34 

    S         3.122 

    Ca        0.614 

    C         42.89 

    Na        220.09              # NaT=NaT+3*PT   For charge balance 

    Cl        385.16              # ClT=ClT+3*FeT 

    -water    1                   # kg water, default = 1 Kg 

 

 

PHASES 

Struvite    

MgNH4PO4:6H2O = Mg+2 + NH4+ + PO4-3 + 6H2O 

   log_k           -13.26 

Strengite             

FePO4:2H2O = Fe+3 + PO4-3 + 2H2O 

   log_k    -25 

Fe(OH)3(a)            

Fe(OH)3 + 3 H+ = Fe+3 + 3 H2O 

   log_k    4.891 

 

EQUILIBRIUM_PHASES 1 

Fe(OH)3(a)   0.0   0 

Vivianite    0.0   0 

Calcite      0.0   0 

Hydroxyapatite   0.0   0 

Siderite     0.0   0 

Pyrite      0.0   0 

FeS(ppt)    0.0   0 
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Strengite   0.0   0 

       pH_Fix -10          HCl 10.0 

-force_equality true 

       pe_Fix -10.75          O2 

-force_equality true 

 

SURFACE 1 

Hfo_wOH   Fe(OH)3(a)  equilibrium_phase 0.2     1e5 

Hfo_sOH   Fe(OH)3(a)  equilibrium_phase 0.005 

 

End 

 

Table A1.6. P release (%) from Fe-P sludge at different aging times at pH 9 and 10  

Sludge Age/Day pH 9 pH 10 

1 40 ± 2 90 ± 2 

5 26 ± 4 86 ± 1 

9 15 ± 2 53 ± 2 

11 18 ± 2 57 ± 3 

 

 

 

Table A1.7. Percent of exchangeable P obtained by As(V) extraction for 24 hours at pH 6 

 
Sludge Age/Day 

 

1 5 9 11 

%Exchangeable P 

 
43.12±0.94 

 

 
28.27±1.14 

 

 
26.11±0.08 

 

 
25.04±0.20 
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Table A1.8. Summary of estimated max adsorption capacities and surface areas for HFOs  

HFO Age Qm (mmol/g) R2 SA m2/g 

fresh 2.34±0.14 
 

0.9879±0.0121 515±31 

5 days 2.00±0.25 
 

0.9923±0.0116 440±51 

9 days 0.765±0.032 
 

0.9518±0.0343 168±7 

11 days 0.594±0.085 
 

0.9451±0.0243 130±18 
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Appendix 2 (Chapter 4 appendix) 

Table A2.1. Inorganic components of synthetic wastewater adapted from Jung et al. (2005). 

Chemical Reagent Concentration (mg/L) 

Magnesium sulfate (MgSO4.7H2O) 24.0 

Calcium chloride (CaCl2.2H2O) 2.40 

Sodium bicarbonate (NaHCO3) 300.0 

Sodium phosphate tribasic (Na3PO4.12H2O) (mg P/L) 50.00 

 

 

Vivianite synthesis procedure 

Synthetic vivianite was prepared by mixing 0.2 M of (K2HPO4⋅3H2O, Sigma-Aldrich, 

≥99%) and (0.3 M of FeCl2⋅4H2O, Fisher Scientific, ≥99%) in 60 mL of deoxygenated ultra pure 

water (Milli-Q®, (Millipore Corporation), <18.2 MΩ resistance) in a 150 mL 2 necked round 

bottom flask. The solution was stirred at 500 RPM at room temperature with nitrogen purging for 

2 days (Roldan et al., 2002; Wilfert et al., 2016). The resulting slurry was centrifuged, and the 

solid product was washed with deoxygenated ultra pure water 3 times, then dried under vacuum at 

room temperature. The vivianite product was blue which indicated partial oxidation of Fe
2+ 

(Zhang 

et al., 2022). 
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Table A2.2. List of soluble species, solid phases, and surface complexation reactions added or/and 
modified to PHREEQC database with their corresponding logK values.  

Soluble species Reaction Log Keq at 25℃ Reference 

HPO𝟒
𝟐−

 PO4
3−

 + H+ ⇌ HPO4
2−

 11.66 (Smith et al., 2008) 

H2PO𝟒
−

 PO4
3−

 + 2H+ ⇌ H2PO4
−

 18.64 (Smith et al., 2008) 

H3PO4 PO4
3−

 + 3H+ ⇌ H3PO4 20.65 (Smith et al., 2008) 

FeOH 𝟐+ Fe
3+

+ H2O ⇌ FeOH 2++ H+ -2.77 (Smith et al., 2008) 

Fe(OH)
𝟐
+

 Fe3++ 2H2O ⇌ Fe(OH)
2
+

+ 2H+ -6.29 (Smith et al., 2008) 

Fe(OH)
𝟒
−

 Fe
3+

+ 4H2O ⇌ Fe(OH)
4
−

+ 4H+ -21.77 (Smith et al., 2008) 

FeHPO𝟒
+

 Fe
3+

+ HPO4
2−

 ⇌  FeHPO4
+

 19.96 (Smith et al., 2008) 

FeH2PO𝟒
𝟐+

 Fe
3+

+ H2PO4
−

 ⇌ FeH2PO4
2+

 22.11 (Smith et al., 2008) 

H2C2O4 2H+ + C2O4
2-

 ⇌ H2C2O4 -5.6 (NIST, 2001) 

HC2O4
-
 H+ + C2O4

2-
 ⇌ HC2O4

-
 -4.3 (NIST, 2001) 

Fe(C2O4)+ Fe
3+

+ C2O4
2-

 ⇌ Fe(C2O4)+ 9.2 (NIST, 2001) 

Fe(C2O4)
2

-
 Fe3+ + 2C2O4

2-
 ⇌ Fe(C2O4)

2

-
 15.5 (NIST, 2001) 

Fe(C2O4)
𝟑
𝟑−

 Fe3+ + 3C2O4
2-

 ⇌ Fe(C2O4)
3
3−

 19.8 (NIST, 2001) 

H2A 2H+ + A2- ⇌ H2A -11.82 (Gamov et al., 2022) 

HA- H+ + HA-  ⇌ HA- -4.31 (Gamov et al., 2022) 

FeA+ Fe3+ + A2- ⇌ FeA+ 9.5 (Ritacca et al., 2022) 

FeOHA Fe3+ + OH- + A2- ⇌ FeOHA 21.1 (Ritacca et al., 2022) 

Fe(A)2
-  Fe3+ + 2A2- ⇌ Fe(A)2

-  18.8 (Ritacca et al., 2022) 

Fe(OH)2A- Fe3+ + 2OH- + A2- ⇌ Fe(OH)2A- 31.63 (Ritacca et al., 2022) 

FeHA+ Fe2+ + HA-  ⇌ FeHA+ 1.99 (Wersin,1990) 

FeA Fe2+ + HA-  ⇌ FeA + H+ -6.58 (Ulmgen & Wahlberg, 
1974) 

Eq. Phases 

(solids, fix pH 
and pe) 

Reaction Log Ksp at 25℃ Reference 

Strengite FePO4.2H2O ⇌ Fe
3+

+ PO4
3−

+ 2H2O -25* (NIST, 2001; Smith et 
al., 2008) 

Struvite  MgNH4PO4.6H2O ⇌ Mg
2+

+NH4
+

+ 

PO4
3−

+ 6H2O 

-13.26 (Taylor et al., 1963) 

Scorodite FeAsO4.2H2O ⇌ Fe
3+

+AsO4
3−

+ 
2H2O 

-20.429 (Nordstrom and Archer 

2003) 

Vivianite  Fe3(PO4)2.8H2O ⇌ 3Fe2+ + 2 PO4
3−

 + 
8H2O 

-36 (Nriagu, 1972) 

Ferrous oxalate FeC2O4.2H2O ⇌  Fe2+ + C2O4
2-

 + 

2H2O 

6.5 (Liu et al., 2019) 

Magnesium 

oxalate 
MgC2O4.H2O ⇌  Mg2+ + C2O4

2-
 + 

H2O 

5.68 (NIST, 2001) 

Calcium oxalate CaC2O4.H2O ⇌  Ca2+ + C2O4
2-

 + 
 H2O 

8.75 (NIST, 2001) 
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pH_Fix 
 

H+ = H+ 0.0  
 

Define pH fixing 
mineral 
 

pe_Fix 
 

e- = e- 0.0  Define pe fixing 
mineral 
 

HFO surface  

complexation 

Reaction LogK at 25℃ Reference 

≡FeH2PO4 ≡FeOH+PO4
3−

+3H+⇌ ≡FeH2PO4 + 

H2O 

35.5 (Smith et al., 2008) 

≡FeHPO𝟒
−

 ≡FeOH+PO4
3−

+2H+⇌ ≡FeHPO4
−

 + 

H2O 

30 (Smith et al., 2008) 

≡FePO𝟒
𝟐−

 ≡FeOH+ PO4
3−

+ H+⇌ ≡FePO4
2−

 + 

H2O 

20.5 (Smith et al., 2008) 

*The NIST (2001) contains a range of log Ksp values for strengite, depending on particle size and 
form, of between -21.8 (amorphous) and -26.8 (crystalline). 

 
 

Table A2.3. PHREEQC input data file example 
# Example for calculating total concentrations of Fe and P at pH 10 after 24 

hours reaction time. 

 

SOLUTION 1 

    temp      22 

    pH        7 

    pe        0.422 

    units     mg/l 

    density   1                   # density, default 1 Kg/LA 

    Fe(3)     128                 # Total concentration of element. 

    P         46                   

    AAT       789                 # Total conc. of Ascorbic acid 

    Mg        3.34 

    S         3.122 

    Ca        0.614 

    C         42.89 

    Na        220.09              # NaT=NaT+3*PT   For charge balance 

    Cl        385.16              # ClT=ClT+3*FeT 

    -water    1                   # kg water, default = 1 Kg 

 

 

PHASES 

Struvite    

MgNH4PO4:6H2O = Mg+2 + NH4+ + PO4-3 + 6H2O 

   log_k           -13.26 

Strengite             

FePO4:2H2O = Fe+3 + PO4-3 + 2H2O 
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   log_k    -25 

Fe(OH)3(a)            

Fe(OH)3 + 3 H+ = Fe+3 + 3 H2O 

   log_k    4.891 

Vivianite 

Fe3(PO4)2:8H2O = 3Fe+2 + 2PO4-3 + 8H2O 

   Log_k    -36 

EQUILIBRIUM_PHASES 1 

Fe(OH)3(a)   0.0   0 

Vivianite    0.0   0 

Calcite      0.0   0 

Hydroxyapatite   0.0   0 

Siderite     0.0   0 

Pyrite       0.0   0 

FeS(ppt)     0.0   0 

Strengite    0.0   0 

       pH_Fix -7          HCl 7.0 

-force_equality true 

       pe_Fix -0.422          O2 

-force_equality true 

 

SURFACE 1 

Hfo_wOH   Fe(OH)3(a)  equilibrium_phase 0.2     1e5 

Hfo_sOH   Fe(OH)3(a)  equilibrium_phase 0.005 

 

End 
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Fig. A2.1 Fractions of (a) iron(III) and iron(II), (b) total phosphorus versus time for treatment of 
fresh Fe-P sludge with ascorbic acid at Fe/AA molar ratios of 1:2 and 1:4 at pH 4. ORP values 

were +86±5 and +83±5 mV/Ag/AgCl respectively. Error bars correspond to 95% confidence level.  

 

 

Fig. A2.2 Concentrations (mg/L) of total soluble Fe and Fe2+ versus time for treatment of fresh 
Fe-P sludge with ascorbic acid at Fe/AA molar ratios 1:2 and 1:4 at pH 4. Error bars correspond 
to 95% confidence level.  
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Fig. A2.3 Distribution diagram of ascorbic acid (H2A) species as a function of pH (pKa1 =4.16, 
pKa2 = 11.55, Mahata et al., 2019). Plotted using PHREEQC software.  

 

Table A2.4. Fe and P species after AA treatment at pH4: Observed vs model predictions  

 %TP %TFe3+ %TFe2+ %Free 
[Fe2+] 

%FeH2PO4
+∗  

 %[Fe(II)-HA]+∗ 

Modeled 100 3 97 68 22 7 

Experimental 97±1 2±1 98±1 --- --- --- 

* Percent of Fe2+ in the form of a complex 

 

Table A2.5. Measured %TP and %TFe release from Fe-P sludge for different treatments. 

 Ascorbic 
acid 

Oxalic 
acid 

H2SO4 HNO3 HCL Hydroxylamine 

%TP (97±1) (95±2) (3.1±0.2) (2.5±0.1) (1±0.3) (3.4±0.2) 

%TFe (98±1) (90±1) (2±0.1) (1.5±0.2) (0.71±0.07) (1±0.1) 
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Fig. A2.4 Distribution diagram of oxalate species as a function of pH ( (pKa1 =1.27, pKa2 = 4.28, 
Lee et al., 2007). Plotted using PHREEQC software 
 

 

 

             a                             b  

Fig. A2.5 (a) precipitated vivianite, (b) synthesized vivianite. 
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Fig. A2.6 Precipitated vivianite attracted to magnet used in the PHREEQC modelling.  
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Appendix 3 (Chapter 5 appendix) 

 
Table A3.1. Chemical components of “Syntho” synthetic wastewater recipe adapted from Boeije 

et al. (1999). 
 

Chemical reagent Concentration 
(mg/L) 

Na acetate 120 

Meat extract 15 

Low fat milk powder 120 

Potato starch 50 
Glycerol 40 

Peptone 15 

NH4Cl 11 

Urea 75 

Uric acid 9 

K3PO4·H2O 20 

MgHPO4·3H2O 25 

Alcohol ethoxylate 10 
Diatomaceous earth 10 

Diet fibres 80 

LAS 10 

Lyophilised AS 50 

CaCl2 5 

NaHCO3 25 

FeSO4·3H2O 10 

CoCl2·6H2O 0.05 
Cr(NO3)3·9H2O 0.68 

CuCl2·2H2O 0.48 

EDTA 0.22 

K2MoO4 0.02 

MnSO4·H2O 0.1 

NiSO4·6H2O 0.3 

ZnCl2 0.18 

 
 
Table A3.2. Characteristics of Syntho recipe 

pH T.COD TOC TSS TN TP  P 
ortho

 COD/TOC C/N/T Alkalinity 

7.5 392.67 116.94 91 50.9 8.96 5.20 3.36 100:7:2 99.3 

Unit: mg/L 
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Table A3.3. Inorganic components of synthetic wastewater adapted from Jung et al. (2005). 

Chemical Reagent Concentration (mg/L) 

Magnesium sulfate (MgSO4.7H2O) 24.0 

Calcium chloride (CaCl2.2H2O) 2.40 

Sodium bicarbonate (NaHCO3) 300.0 

Sodium phosphate tribasic (Na3PO4.12H2O) (mg P/L) 5.00 

 

 

 

Table A3.4. Calculated total masses (mg) of proteins, carbohydrates, and fats included in all 

carbon and nitrogen components per 1L of Syntho recipe.  

Component Proteins (mg) Carbohydrates (mg) Fats (mg) 
*Meat extract 3 0.18 0.75 
**Low fat milk powder 34.8 55.2 13.2 

Potato starch 0 50 0 

Glycerol 0 0 40 

Peptone 15 0 0 

    

Total mass (mg) 52.8 105.38 53.95 

*Meat extract contains 20% proteins, 5% carbohydrates, and 1.2% fat.  
**Low fat milk powder contains 29% proteins, 46% carbohydrates, and 25% fat. (Handbook of 
Food Chemistry) (Cheung & Bhavbhuti, 2015). 
 

Sample calculation for proteins in 15 mg meat extract as in (Syntho)  

Proteins in 15 mg meat extract = 
15 ×20

100
=3 mg 

Sample calculation for mgs required for proteins in this study recipe equivalent to 52.8 mg : 

Protein sources are peptone and meat extract.  

Mass of protein needed from peptone = 15 mg 

Mass of peptone needed = 15 mg 

Mass of protein needed from meat extract = 52.8-15 = 37.8 mg 

Mass of meat extract equivalent to 37.8 mg protein = 
37.8 ×100

20
=189 mg. 
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Table A3.5. Typical composition of raw municipal wastewater with minor contributions of  
industrial     
                 wastewater (in g/m3) adopted from Volcke et al, (2023). 

   

Parameter Low Medium High 
COD total 500 750 1,200 

COD soluble 200 300 480 

COD suspended 300 450 720 

BOD 230 350 560 

VFAs (as acetate) 10 30 80 

N total  30 60 100 

Ammonia N 20 45 75 

Nitrate + Nitrite N 0.1 0.2 0.5 
Organic N 10 15 25 

P total 6 15 25 

Ortho-P 4 10 15 

Organic P 2 5 10 

Sulphate 24 36 72 

TSS 250 400 600 

VSS 200 320 480 

 

 
 

Table A3.6. pH values at P removal tests conducted with different recipes                                      

Recipe pH ± 0.03 

Control 7.23 

Full 7.30 

All-C 7.17 

All-N 7.25 

Urea 7.29 

Peptone 7.26 

NH4Cl 7.29 
ME 7.14 

Starch 7.31 

Glycerol 7.30 

LM 7.14 

ME + All-N 7.22 

Starch + All-N 7.31 

Glycerol + All-N 7.28 

LM + All-N 7.34 
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                              Glycerol                               Starch (amylose + amylopectin)  

  

Figure A3.1. Chemical structure for glycerol and starch (amylose & amylopectin) molecules. 

              

 

 

 

 

Figure A3.2. Proposed chemical structure for humic acid molecule. (Adopted from Stevenson, 

1994). 
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Table A3.7. TOC concentrations (mg C/L) for different synthetic wastewater recipes before and 

after P removal tests. 

Recipe TOC (mg C/L) 
Before 

TOC (mg C/L) 
After 

Control 0.00 0.00 

Full 120±3 122±2 

All-C 114±2 112±3 

All-N 18±1 16±3 
Urea 16±2 17±1 

Peptone 8±1 7±2 

NH4Cl 0.00 0.00 

ME 74±4 72±3 

Starch 26±3 24±1 

Glycerol 18±4 16±2 

LM 10±1 10±3 

ME-N 98±5 96±3 
Starch-N 43±2 40±1 

Glycerol-N 39±3 39±2 

LM-N 27±3 26±2 
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Appendix 4 (Chapter 3 extra discussion) 

1- PHREEQC modeling 

PHREEQC modeling showed poor fit for P release from Fe-P solids at pH values between 

7 and 9 because it considered only P binded to the final surfaces that formed and did not consider 

P trapped inside HFO particles. However, another modeling software could be used to model the 

release of internal P like SUMO modeling software (Dynamita S.A.R.L). Moreover, PHREEQC 

has the capability to model slow irreversible sorption (Parsons et al., 2013). 

2- Effect of NaCl on P release from Fe-P solids 

 

The effect of Cl 
-
 ion on P release could be also explained by the type of surface complexes 

PO4
3-  is forming with HFO. For example, it had been reported that electrolyte ions can compete 

with ions that form outer-sphere complexes for adsorption sites leading to decrease in their 

adsorption. Conversely, the competition effect of electrolyte ions is very weak toward ions that 

form inner-sphere complexes where they are directly coordinated to the surface sites (Antelo et 

al., 2005; Hiemstra, 2018). Thus the negligible effect of Cl 
–
on P release indicates that PO4

3-
 anion 

is forming inner-sphere complexes with HFO surface and the adsorption is less affected by the 

increase of solution ionic strength. 

3- Effect of aging on HFO surface area  

As mentioned in chapter 3, aging of HFOs allows for structural transformations to occur 

altering their surface area and thus their adsorptive/desorption capacity. In fact,  changes of HFOs 

surface area over time due to particle evolution with aging could be explained by Ostwald ripening 

which describes particle growth by simultaneous precipitation and dissolution processes. Hiemstra 
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et al, (2019) studied the dynamic change of the reactive surface area of wet ferrihydrite over time. 

They revealed that when ferrihydrite is initially formed, the particles are ultra-small and subject to 

Oswald ripening in which the smallest particles dissolve and the larger ones grow, resulting in a 

decrease of the reactive surface area. 
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